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ABSTRACT 

 
TRACE ELEMENT GEOCHEMISTRY IN 

GROUNDWATER FLOW SYSTEMS 

 

 

Stephanie Scholten Willis, PhD 

 

The University of Texas at Arlington, 2010 

 

Supervising Professor:  Karen H. Johannesson, PhD 

 This research focuses on trace element geochemistry in three groundwater flow 

systems: the Carrizo Sand, the Upper Floridan, and the Aquia aquifers.  The focus is 

threefold: (i) studying the geochemical behavior, concentrations, and fractionation 

patterns of rare earth elements (REEs) along two flow paths by examination of both 

groundwater and sediment samples, (ii) investigating the behavior of arsenic (As) and 

antimony (Sb) and comparing these data to reveal the biogeochemical processes 

affecting As and Sb concentrations and speciation as well as determining correlations 

between As and Sb concentrations, and (iii) formulating adsorption isotherms to 

demonstrate the adsorption capacity of As onto sediments from the Carrizo Sand and 

Aquia aquifers.  The investigation of the Aquia aquifer groundwaters and sediments 
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indicated the chief source of REEs in the groundwater was due to the dissolution of 

carbonate minerals (i.e. shell fragments).  A statistical relationship was found between 

As and Sb in the groundwaters of three well defined aquifers (the Carrizo Sand, the 

Upper Floridan, and the Aquia aquifers), with the best correlation occurring within the 

Aquia groundwaters.  The adsorption isotherms indicate that As(V) strongly adsorbs to 

the Carrizo Sand aquifer sediments whereas As(III) more preferentially adsorbs to the 

Aquia aquifer sediments.  
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CHAPTER 1 

INTRODUCTION 

Rare earth elements (REEs), arsenic (As), and antimony (Sb) are all naturally 

occurring trace elements in groundwater.  The study of these trace elements uncovers the 

mechanisms by which they are distributed throughout groundwater flow systems. 

REEs unique and chemically coherent behavior, along with their sensitivity to 

changes in pH, redox conditions, and adsorption/desorption reactions, makes them useful 

as an efficient hydrological tool (Wood, 1990; Dia et al., 2000).  Because the REEs 

typically behave coherently, changes in the expected patterns can lead to critical 

information on the types of processes occurring within a groundwater flow system (Guo 

et al., 2010).  A number of studies have examined the biogeochemical processes that 

affect REE concentrations and their relative distribution across the lanthanide series (i.e., 

fractionation) along groundwater flow paths.  In one study, Tang and Johannesson (2006) 

observed that changes in redox conditions, pH, and adsorption along the Carrizo Sand 

aquifer flow path in south Texas are also accompanied by changes in REE 

concentrations, shale-normalized patterns, and speciation.  In another study, Guo et al. 

(2010) also observed changes in REE concentrations and shale-normalized patterns along 

with changes in redox conditions along a flow path in the shallow aquifer of the Hetao 

Basin, Inner Mongolia. 

As and Sb are also of interest in the study of groundwater flow.  Because of their 

identical s2p3 outer orbital electron configuration, As and Sb display the same range of 

oxidation states.  Both most commonly occur as oxides, hydroxides, or oxoanions either 
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in the pentavalent state in relatively oxic environments (arsenates and antimonates) or in 

the trivalent state in anoxic environments (arsenites and antimonites) (Wilson et al., 

2010).  The toxicities of As and Sb strongly depends upon their speciation.  The trivalent 

form of both As and Sb is more toxic than the pentavalent form (Bencze, 1994; Filella et 

al., 2002a, b; Ratnaike, 2003).  As and Sb occur in more than 200 minerals on the earth 

and are derived from ore minerals or their alteration products that naturally contaminate 

the environment (Smedly and Kinniburgh, 2002; Filella et al., 2002a; Ghassemzadeh et 

al., 2006).  Naturally, As and Sb occur in the form of organic and inorganic compounds.  

Exposure to inorganic compounds may occur in a variety of ways through certain 

industrial effluents, chemical alloys, pesticides, wood preservative agents, combustion of 

fossil fuels, fire retardants, and mining activities (Ghassemzadeh et al., 2006).  The 

majority of Sb contamination in the environment originates from mining and industrial 

emission sources, often smelting, co-occurring frequently with As (Telford et al., 2009; 

Wilson et al., 2010).  In the environment, As is considered to be one of the main 

problems with global groundwater quality.  Cases of elevated levels of As in groundwater 

include aquifers in Australia (O’Shea et al., 2007), Argentina (Smedley and Kinniburgh, 

2002; Bhattacharya et al., 2006), Bangladesh (Anawar et al., 2003; Shamsudduhu et al., 

2008), Chile (Caceres et al., 1992),  Mexico (Romero et al., 2004), and the United States 

of America (Haque and Johannesson, 2006a, b; Haque et al., 2008; Peters 2008; Welch et 

al., 2000).   

Unlike As, the geochemistry of Sb in groundwater is poorly understood.  Chen et 

al. (2003) discovered the importance of iron and manganese oxyhydroxides in controlling 

the behavior of Sb in the oxic interface of two lakes in Subury, Ontario.  Under anoxic 
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conditions, they found dissolved Sb was released by the dissolution of manganese and 

iron oxyhydroxides.  They also suggested that Sb solubility was controlled by iron 

sulfides in reducing sediments.  Few studies have focused on the similarities between As 

and Sb.  In one of these studies, Tighe et al. (2005) noted a strong relationship between 

As and Sb in their bioavalability in the Macleay catchment coastal floodplain in New 

South Wales, Australia.  They also discerned there was no obvious relationship between 

the soil physical parameters and the As and Sb content of the soils.  In a 17 month study 

of the Gironde Estuary in Western Europe, Masson et al. (2009) revealed that both As 

and Sb may be released into river water from particulate carrier phases in sediments 

and/or aquifers by microbially driven processes due to their similarities in seasonal 

variations. 

Modeling the adsorption behavior of As is also crucial in understanding how trace 

elements evolve in groundwater flow systems.  The bioavailability of As in aquifer 

sediments is largely governed by its adsorption-desorption reactions with aquifer 

sediment constituents (Naidu et al., 2009).  Generally, As(V) adsorption to mineral 

oxides is favored at low pH, whereas As(III) adsorption occurs best at circumneutral pH 

(Raven et al., 1998; Arai et al., 2001; Dixit and Hering, 2003).  The Fe oxide content, 

including the presence of Fe oxyhydroxide, in soils has been shown to enhance the 

capacity of soils to bind As (Manful et al, 1989; Manning and Goldberg 1997; Smith et 

al., 1999).  Both As(III) and As(V) sorb strongly to Fe oxides/oxyhydroxides (Dixit and 

Hering, 2003).  A number of studies have also focused on the adsorption of As onto clay 

minerals.  Frost and Griffin (1977) discovered that montmorillonite sorbed both As(V) 

and As(III) more strongly than kaolinite and that As(III) was sorbed much less than 
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As(V) by both clay minerals.  On the other hand, Goldberg and Glaubig (1988) found the 

As(V) adsorption capacity to be similar for both montmorillonite and kaolinite. 

After an extensive review of the previously mentioned studies, a central 

hypothesis for this research was developed.  Redox conditions, chemical weathering, and 

adsorption/desorption reactions affect the distribution and bioavalability of trace element 

in groundwater flow systems.  In addition, trace elements should behave similarly with 

their close neighbors in the periodic table. 

The following research objectives were examined to determine the validity of the 

central hypothesis: 

(i)  Examine the geochemical behavior, concentrations, and fractionation patterns of 

REEs along two flow paths by examining both groundwater and sediment samples, 

(ii) Investigate the behavior of As and Sb in three well characterized aquifers and 

compare these data to gain insight into the biogeochemical processes affecting As and Sb 

concentrations and speciation along the flow path within these groundwater flow systems 

as well as determine if a correlation exists between As and Sb concentrations, and 

(iii)   Observe the adsorption behavior of As in two groundwater flow systems. 

To fulfill the first objective (Chapter 2), both field and laboratory experiments 

were conducted on groundwater and sediment samples collected along two groundwater 

flow paths within the Aquia aquifer of coastal Maryland.  A series of groundwater 

samples were collected along both the Eastern and Western shores of the Aquia aquifer.  

These samples were analyzed for REE concentrations as well as additional geochemical 

parameters (e.g., alkalinity, pH, temperature, specific conductance, dissolved oxygen, 

oxidation-reduction potential, iron speciation, silica, manganese, nitrate, ammonia, and 
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dissolved sulfide).  The sediment samples were analyzed by sequential extraction and 

glauconite extraction.  Results of this study demonstrate that the Aquia groundwaters 

evolve along the flow paths due to chemical weathering and changes in redox conditions.  

Groundwater REE concentrations are consistent with weathering of an upper continental 

crust source, such as Aquia aquifer sediments (i.e. carbonate minerals and glauconite), 

being the main source of REEs to the groundwaters.  This also appears in the sequential 

extraction results for the Aquia aquifer sediments where the largest pool of REEs is 

associated with carbonate minerals (shell fragments). 

To achieve the second objective (Chapter 3), field data from the Carrizo Sand 

aquifer (Texas), the Upper Floridan aquifer (Florida), and the Aquia aquifer (coastal 

Maryland) was analyzed.   As and Sb concentrations from the three aquifers were 

compared with regard to specific geochemical parameters (e.g., Fe 

concentration/speciation, pH, and dissolved sulfide) along the flow paths.  The results of 

the study indicate a statistical relationship between As and Sb concentrations, with the 

best correlation between As and Sb occurring in the Aquia aquifer.   

To accomplish the third objective (Chapter 4), a series of As adorption 

experiments were conducted on bulk sediment samples from the Aquia and Carrizo Sand 

aquifers.  Both As(III) and As(V) species were evaluated by varying initial As 

concentration and solution pH.  The experimental data was then evaluated using the 

linearized Freunlich isotherm equation.  The outcome of this study reveals that As(III) 

and As(V) adsorption are not strongly pH dependent to sediments of the Aquia and 

Carrizo Sand aquifers.  The Freundlich isotherms showed that As(III) strongly adsorbs to 
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the sediments of the Carrizo Sand aquifer, while As(V) more preferentially adsorbs to the 

Aquia aquifer sediments. 

In the following three chapters of this dissertation, I present three manuscripts in 

which trace element geochemistry along groundwater flow paths is discussed.  Chapter 2 

focuses on the evolution of REE concentrations along two flow paths in the Aquia 

aquifer.  Chapter 2 presents geochemical data for each flow path and how this data affects 

the REE concentrations.  Next, Chapter 3 presents a comparative study between As and 

Sb concentration in three groundwater flow systems (the Carrizo Sand aquifer, the Upper 

Floridan aquifer, and the Aquia aquifer) along with specific geochemical parameters.  

Additionally, Next, Chapter 4 analyses As adsorption for the Aquia and Carrizo Sand 

aquifers.  Finally, Chapter 5 summarizes all previous chapters regarding trace elements in 

groundwater flow systems and concludes all the major findings presented in this 

dissertation. 
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CHAPTER 2 

CONTROLS ON THE GEOCHEMISTRY OF RARE EARTH ELEMENTS IN 

SEDIMENTS AND GROUNDWATERS OF THE AQUIA AQUIFER, MARYLAND, 

USA 

2.1 Introduction 

Rare earth elements (REEs) are commonly used as geochemical tracers in 

groundwater flow systems due to the similarities between aquifer-rock REE patterns and 

the REE patterns found in some groundwaters (Banner et al., 1989; Smedley, 1991; 

Johannesson et al., 1999).  The similar chemical behavior of the trivalent REEs makes 

these elements attractive in interpreting geochemical processes that fractionate the REEs 

from their nearest neighbors in the periodic table, Hf4+ and Ba2+.  Furthermore, the 

decrease in ionic radius of the REEs with increasing atomic number leads to predictable 

chemical differences across the lanthanide series, which can record subtle geochemical 

processes in natural systems that fractionate the REEs (De Baar et al., 1985a; Taylor and 

McLennan, 1988; Fee et al., 1992; Johannesson et al., 1997b).  Although the REEs exist 

primarily in the trivalent oxidation state in low-temperature aqueous systems, Ce and Eu 

can also exist in +4 and +2 oxidation states, respectively.  The differences in the 

oxidation states of these two lanthanides can lead to geologically significant input-

normalized concentration anomalies for Ce and Eu that can be quantified and 

geochemically interpreted (De Baar et al., 1983, 1985b; Fee et al.,1992).  The negative, 

shale-normalized Ce anomaly that characterizes seawater, for example, is interpreted to 

reflect the oxidation of Ce3+ to Ce4+, and the subsequent removal of Ce4+ from the water 
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column via scavenging onto settling particles (Moffett, 1990; DeCarlo et al., 1998).  

Positive Eu anomalies have been attributed to highly reducing conditions during sediment 

diagenesis or to hydrothermal inputs (Sverjensky, 1984; Michard and Albarède, 1986; 

Michard, 1989, MacRae et al., 1992; Klinkhammer et al., 1994; Leqis et al., 1997; van 

Middlesworth and Wood, 1998), whereas, negative Eu anomalies are common features of 

evolved felsic igneous rocks owing to preferential uptake of Eu2+ from such melts by 

plagioclase (Hanson, 1980; Saunders, 1984; Culler and Graf, 1984). 

 Chemical weathering reactions and microbial processes occurring in aquifers are 

revealed by changes in redox conditions, pH, and major solute concentrations along 

groundwater flow paths (e.g., Champ et al., 1979; Barcelona et al., 1989; Chapelle and 

Lovley, 1992; Edmunds et al., 2003; Park et al., 2006).  Previous studies have shown that 

the REE can be sensitive traces of these geochemical processes as many of the important 

geochemical reactions that occur along groundwater flow paths fractionate the REEs 

(Johannesson et al., 1997, 2005; Dia et al., 2000, Leybourne et al., 2000; Tang and 

Johannesson, 2005a, 2006; Tweed et al., 2006).  The sensitivity of REE concentrations 

and fractionation patterns to changes in redox conditions that affect Fe/Mn 

oxides/oxyhydroxides and/or organic matter in groundwater flow systems, processes that 

are known to be important in such environments, may thus be useful in interpreting 

groundwater chemistry (Dia et al., 2000; Tang and Johannesson, 2005a, 2006).  By 

understanding the effects of chemical weathering reactions and microbial processes on 

REEs, we can better assess the application of REEs to tracing groundwater flow patterns 

(Tweed et al., 2006) as well as quantifying their global geochemical cycle (e.g., 

Johannesson and Burdige, 2007). 
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 In this study, we investigate the geochemical behavior of REEs within the Aquia 

aquifer (Maryland, USA) along different flow paths on the Eastern and Western shores of 

the Chesapeake Bay.  We also compare the REE concentrations and fractionation patterns 

to changes in groundwater composition (i.e. pH, major solute compositions) and redox 

conditions determined with a number of redox sensitive elements and field parameters.  

Aquifer sediments were also analyzed to evaluate the sediment source of REEs to Aquia 

aquifer groundwaters. 

2.2 Study Area 

The Aquia aquifer is located within the Atlantic Coastal Plain in eastern Maryland 

(Fig. 2.1).  The Aquia aquifer is a Paleocene marine deposit that is confined above by the 

Paleocene and Eocene Marlboro clay, and below by the silt and clay of the Cretaceous 

Severn Formation (Chapelle, 1983).  The Aquia aquifer outcrops between Washington 

D.C. and Annapolis, Maryland, and dips southeast beneath the Chesapeake Bay and 

towards the Atlantic ocean (Aeschbach-Hertig et al., 2002).  Groundwater is recharged 

within the outcrop region and subsequently flows down the dip of the aquifer towards the 

southeast and beneath the Chesapeake Bay (Chapelle, 1983; Chapelle and Knobel, 1983, 

1985; Aeschbach-Hertig et al., 2002).  The composition of the Aquia aquifer is 

dominated by fine- to medium-grained quartz sand (50 to 75%), glauconite (20 to 40%), 

and carbonate shell debris (1 to 5%) ranging from 30 to 46 meters thick (Aeschbach-

Hertig et al., 2002; Chapelle, 1983; Chapelle and Knobel, 1983).  In addition, pelletal 

goethite, clay minerals, and minor hematite has been identified within the aquifer sands 

(Hansen, 1974; Haque et al., 2008). 
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In this study, we examine portions of the Aquia aquifer located on both 

Maryland’s Eastern and Western shores (Fig. 2.1).  A series of groundwater samples were 

collected in August 2006 along Maryland’s Eastern shore and again in June 2007 along 

Maryland’s Western shore. The groundwater flow paths sampled were identified and 

selected based on the predevelopment potentiometric surface levels for the Aquia aquifer 

(e.g., the Eastern shore flow path; Drummond, 2001; Haque et al., 2008) and because of 

the numerous previous studies conducted along the western shore flow path (see 

Chapelle, 1983; Chapelle and Knobel, 1983, 1985; Appelo, 1994; Purdy et al., 1996; 

Aeschbach-Hertig et al., 2002).  For example, on Maryland’s Eastern shore, the pre-

development potentiometric surface indicates that groundwater recharged to the Aquia 

aquifer in its outcrop area, in northern Kent County, historically flowed south and then 

west, discharging to the Chesapeake Bay (Drummond, 2001).  Moreover, potentiometric 

lows that are characteristic of lower elevations near the Chesapeake Bay and the Potomac 

River further suggests that the groundwater flows south and southwest on the Eastern 

shore and south and southeast on the Western shore (Chapelle 1983; Drummond, 2001; 

Curtin et al., 2002; Haque et al., 2008).  In the case of each flow path, a portion of the 

Aquia groundwater is thought to discharge to the Chesapeake Bay in the vicinity of the 

shoreline (Chapelle 1983; Drummond, 2001; Curtin et al., 2002; Haque et al., 2008). 
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Figure 2.1. Map of the study area within central and east central Maryland showing location of outcrop 
area, investigated groundwater flow paths, and location of sampled wells.  Groundwater flow directions are 

based on the predevelopment potentiometric surface (Drummond 2001). 
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2.3 Materials and Methods 

2.3.1 Groundwater sampling and field analysis 

All high density linear polyethylene (HDPE) sample bottles and Teflon® tubing 

used during sample collection and filtration were thoroughly cleaned using trace element 

cleaning procedures before being transported to the field (e.g., for details see 

Johannesson et al., 2004).  Groundwater samples were collected from the Eastern Shore 

flow path of the Aquia aquifer in August 2006 and from the Western Shore flow path in 

June 2007.   In order to ensure the groundwaters sampled were true representations of 

water from the aquifer and not water from the boreholes, the wells sampled were purged 

by pumping for at least 30 minutes, and until the pH, specific conductance, and water 

temperature stabilized before collecting the samples.   

During each of these field sampling campaigns, measurements of alkalinity, pH, 

temperature, specific conductance, dissolved oxygen (DO), oxidation-reduction potential 

(Eh), iron speciation, dissolved silica, manganese, nitrate, ammonia, and sulfide 

concentrations were conducted on site (e.g., Haque et al., 2008).  A Hydrolab MiniSonde 

5 with a flow-through cell was used to quantify the Eh, pH, specific conductance, and 

temperature.  The flow-through cell was connected to each well by a polyethylene tube, 

which allowed the Eh of the groundwaters to be measured without exposure to the 

atmosphere.   

Alkalinity was titrated in the field using a standard colorimetric indicator 

approach and either 1.6 N or 0.16 N H2SO4.  Results obtained during the June 2007 

sampling of groundwater from the Western shore flow suggested that either the acid or 

colorimetric indicator powders had degraded.  Consequently, alkalinity was also 
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estimated for these groundwaters by charge balance considerations, such that the 

alkalinity cations (in equivalents) - anions (in equivilants) (e.g., Lyons et al., 1992; 

Goldsmith et al., 2010).  

A portable UV/VIS spectrophotometer (Hach DR/2400) was used to determine 

iron speciation and dissolved oxygen, silica, manganese, nitrate, ammonia, and sulfide 

concentrations using separate sample aliquots and standard spectrophotometric 

techniques.  For example, Fe(II) was determined using the 1,10 phenanthroline method, 

total Fe (FeT) was quantified by the FerroVer method, (Eaton et al., 1995), and Fe(III) 

was subsequently calculated by difference.  The method detection limits for Fe(II) and 

FeT are 0.36 mol kg-1 and 0.16 mol kg-1, respectively (Hach, 2004).  High range 

dissolved oxygen concentrations were determined using the High Range 

spetrophotometric method with a detection limit of 18.8 mol kg-1 (Hach, 2004), whereas  

low range dissolved oxygen concentrations were determined using the Indigo Carmine 

method, for which the detection limit is 0.38 mol kg-1 (Gilbert et al., 1982). Mn 

concentrations were determined using the 1-(2-Pyridylazo)-2-Napthol method (method 

detection limit 0.13 mol kg-1; Manzoori et al., 1999).  Dissolved NO3
-, NH4

+, and Si 

concentrations were determined using the Cadmium 16 reduction method (Gal et al., 

2004), the Salicylate method (Krom, 1980), and the Heteropoly Blue method (Schelske et 

al., 1984), respectively.  The method detection limits for NO3
-, NH4

+, and Si were 0.16 

mol kg-1, 0.55 mol kg-1, and 0.36 mol kg-1, respectively (Hach, 2004).  Dissolved S(-

II) was determined using the Methylene Blue method, for which the detection limit is 

0.16 mol kg-1 (Eaton et al., 1995). 
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Groundwater samples for determination of major solutes and REEs were first 

collected in collapsible “trace clean” low density polyethylene cubitainers® (Hedwin 

Corporation, Baltimore, MD, USA) from each of the wells and then immediately filtered 

through 0.45 m Gelman Sciences in-line groundwater filter capsules (polyether sulfone 

membrane) using a peristaltic pump and Teflon® tubing.  The groundwater sample was 

pumped directly through the in-line filter capsule and into “trace clean” 1 L HDPE 

bottles, which were rinsed three times with the filtered groundwater sample to 

“condition” the bottle before filling the bottle with the filtered groundwater sample.  The 

filtered groundwater sample was then immediately acidified to pH < 2 using ultra-pure 

HNO3 (Seastar Chemical, Baseline) for the cation samples (Ca2+, Mg2+, Na+, K+) and the 

REE samples.  The anion samples (Cl-, SO4
2-) were not acidified.  After collection, all 

samples were stored ~ 4˚C prior to analysis. 

2.3.2 Sediment sampling 

Sediment samples were collected from five depth intervals (i.e., 61 mbgs, 65 

mbgs, 72 mbgs, 86.5 mbgs, and 104 mbgs, where mbgs is meters below ground surface) 

from an archived drill core stored at the Maryland Geological Survey (see Haque et al., 

2008, for details).  The sediment core is from the vicinity of well KE 66-0125 in Kent 

County, Maryland on the Eastern shore of the Chesapeake Bay (see Fig. 1 in Haque et al., 

2008).  The sediment samples were stored in clean plastic Ziploc©-style sample bags at 

4ºC prior to the sequential extractions analysis.   

2.3.3 Groundwater major solute and REE analysis 

Samples were analyzed for major anions and cations by ion chromatography with 

a Dionex DX-120 (Sunnyvale, CA) ion chromatograph following the approach of Welch 
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et al. (1996). The instrument has a single piston, isocratic pump that produces a constant 

flow rate set at 1.2 mL per minute, and eluted ions are quantified via an electrical 

conductivity detector. For the cation analyses, a Dionex IonPac CS12A analytical column 

(4x250mm) and a CG12A guard column (4x50mm) was used.  The eluent is 0.13% 

methanesulfonic acid solution.  A CSRS Ultra Cation Self-Regenerating Suppressor was 

used.  For the anions, a Dionex IonPac AS14 analytical column (4x250m) and an AG14 

guard column (4x50mm) was used.  The eluent is a 1.0mM NaHCO3 and 3.5mM Na2CO3 

solution.  An ASRS Ultra Anion Self-Regenerating Suppressor was used.  In addition, 

dissolved organic carbon (DOC) was analyzed in five of the groundwater samples by 

high temperature catalytic oxidation (HTCO) using a Shimazdu TOC-5000 total carbon 

analyzer (Burdige and Gardner, 1998). 

All groundwater samples collected for REE analysis were first loaded onto Poly-

Prep columns (Bio-Rad Laboratories) packed with AG 50W-X8 (100 – 200 mesh, 

hydrogen form, Bio-Rad Laboratories) cation-exchange resin at approximately 1 mL 

minute-1 in order to separate the REEs from the major salts  and to concentrate the REEs 

into a smaller solution volume (Johannesson et al., 2005).  Iron and Ba were subsequently 

eluted from the columns using 1.75 M ultra-pure HCl (Seastar Chemicals, Baseline, sub-

boiling, distilled in quartz) and 2 M ultra-pure HNO3 (Seastar Chemicals, Baseline), 

respectively (Elderfield and Greaves, 1983; Greaves et al., 1989; Klinkhammer et al., 

1994; Stetzenhach et al., 1994).  The REEs were then eluted from the columns using 8 M 

ultra-pure HNO3 (Seastar Chemicals, Baseline) and collected in Teflon® beakers.  The 

eluant was subsequently taken to dryness by heating the Teflon® beakers on a hot plate, 

and the residue then redissolved in 10 mL of a 1% v/v ultra-pure HNO3 solution.  Each 
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10 mL sample was then spiked with 10 ppb of 115In as an internal standard to monitor 

instrument drift, which varied less than ± 10%, and analyzed for the REEs by high 

resolution (magnetic sector) inductively coupled plasma mass spectrometry (HR-ICP-

MS, Finnigan MAT Element II) at Tulane University.  

We monitored 139La, 140Ce, 141Pr, 143Nd, 145Nd, 146Nd, 147Sm, 149Sm, 151Eu, 153Eu, 

155Gd, 157Gd, 158Gd, 159Tb, 161Dy, 163Dy, 165Ho, 166Er, 167Er, 169Tm, 172Yb, 173Yb, and 175Lu 

(low- and medium-resolution mode) as many of these isotopes are free of isobaric 

interferences, and because monitoring more than one isotope provides an additional 

check for potential interferences (Stetzenbach et al., 1994; Shannon and Wood, 2005).  In 

addition, the Eu isotopes and the HREEs were also monitored in high resolution mode, 

which allowed us to resolve interferences on 151Eu and 153Eu from BaO+ species formed 

in the plasma stream, and LREEO+ and middle REEO+ (MREEO+) species on the 

HREEs.  The HR-ICP-MS was calibrated and the concentrations of REEs in the samples 

confirmed with a series of REE calibration standards of known concentrations (1 ng kg-1, 

2 ng kg-1, 5 ng kg-1, 10 ng kg-1, 100 ng kg-1, 500 ng kg-1, and 1000 ng kg-1).  The 

calibration standards were prepared from NIST traceable High Purity Standards 

(Charleston, SC).  In addition, check standards were prepared using Perkin Elmer multi-

element solutions and the NIST Standard Reference Material (SRM) “Trace Elements in 

Water No. 1643b and the National Research Council Canada (Ottawa, Ontario, Canada) 

SMR for river waters (SRLS-3) were analyzed for each sample run to check for accuracy 

(Tang and Johannesson, 2006).  Analytical precision of the REE analyses was always 

better than 4% relative standard deviation (RSD), and generally better than 2% RSD.  
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2.3.4 Sequential extraction analysis 

The methods used for sequential extraction of REEs from Aquia aquifer 

sediments are based on the methods of Tessier et al. (1979).  The sequential extraction 

procedure provides a semi-quantitative tool to evaluate the solid-phase speciation of 

metals, such as the REEs, with operationally defined sediment/mineral phases.  These 

phases include an exchangeable phase, an acidic phase, a reducible phase, an oxidizable 

phase, and the residual phase.  It is important to note that sequential extraction techniques 

are subject to possible artifacts in the results that arise from incomplete dissolution and/or 

readsorption of trace elements, and thus should be viewed with caution (e.g., Tipping et 

al., 1985; Sholkovitz, 1989).  Nonetheless, sequential extraction procedures can provide 

useful semi-quantitative information regarding the speciation of trace elements within 

aquifer sediments. 

With regards to the sequential extraction procedure used here, the exchangeable 

phase refers to trace elements weakly associated with clays, hydrated oxides of iron and 

manganese, and humic substances that are readily mobilized by changes in ionic strength.  

The acidic phase represents the trace elements bound to sediment carbonates, which are 

susceptible to carbonate dissolution as sediments are leached with a weak acid.  The trace 

elements bound to iron and manganese oxides are considered to be within the reducible 

phase.  These trace elements will be released as Fe/Mn oxides are reduced and 

solubilized under anoxic conditions.  The oxidizable phases represent trace elements that 

are released to solution when the sediment is subjected to a strong oxidizer.  Such trace 

elements are likely to be either in the sediments in the form of metal sulfides, or bound to 

sedimentary organic matter.  Finally, the residual phase refers to the trace elements held 
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within the crystal structure of primary and secondary silicate minerals within the 

sediments.  Trace elements within the crystalline structure of these silicate minerals are 

not expected to be released into the solution over a reasonable time span under natural 

conditions.  Below, we outline the procedure for each extraction, which was performed 

on Aquia sediment samples from 61, 72, and 86.5 mbgs. 

Before sequential extraction, the sediment samples were ground in an aluminum 

oxide mortar and pestle and then further reduced in size by passing the ground sediment 

sample through a 1 mm sieve, to achieve a particle size less than 1 mm. 

Fraction 1: A 0.5 gm (dry weight) aliquot of each sediment sample was placed 

into an acid-washed 50 mL centrifugation tube (Fisher Scientific), along with 8 mL of 1 

M CH3COONa reagent (pH 8.2) at room temperature (23±1ºC).  The mixture was 

subsequently agitated for 1 hour on a shaker (VWR Mini Shaker), and then centrifuged 

(Labofuge 400, Heraeus Instruments) for 10 minutes at 2000 rpm.  The resultant 

supernatant was filtered (0.4 m membrane Nuclepore® filters), acidified with ultrapure 

HNO3 (Seastar Chemical, Baseline), and stored at 4˚C prior to analysis.  The residue was 

then washed with 8 mL of ultrapure Milli-Q water (18.2 Ω-cm) and centrifuged for 10 

minutes at 2000 rpm.  This supernatant was discarded and the residual sediment was used 

for the subsequent extraction steps. 

Fraction 2: The sediment residue from fraction 1, contained in a 50 mL 

centrifugation tube, was leached at room temperature with 8 mL of 1M CH3COONa.  The 

pH was adjusted to 5.0 with CH3COOH.  The mixture was subsequently agitated for 5 

hours on the Mini Shaker.   
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Fraction 3: The sediment residue from fraction 2, contained in a 50 mL 

centrifugation tube, was extracted with 20 mL of 0.04 M NH2OH·HCl in 25% (v/v) 

CH3COOH for 6 hours at 96 ± 1˚C.  The mixture was agitated every 30 minutes.   

Fraction 4: The sediment residue from fraction 3, contained in a 50 mL 

centrifugation tube, was extracted with 3 mL of 0.02 M HNO3 and 5mL of 30% H2O2.  

The pH was adjusted to 2.0 with ultrapure HNO3.  The mixture was heated to 85 ± 1˚C 

for 2 hours with occasional agitation.  Next, 3 mL of 30% H2O2, adjusted to pH 2.0 with 

ultrapure HNO3, was added to the mixture and heated to 85 ± 1˚C for 3 hours with 

occasional agitation.  After cooling the mixture to room temperature, 5 mL of 3.2 M 

CH3COONH4 in 20% (v/v) HNO3 was added and the mixture was diluted to 20 mL.  The 

mixture was subsequently agitated for 30 minutes on the Mini Shaker.   

Fraction 5: The sediment residue from fraction 4 was subsequently digested in a 

50 mL Teflon® beaker with 10 mL of ultrapure HF (Seastar, Baseline) and the mixture 

was evaporated to near dryness.  Next, 10 mL of HNO3 was added to the remaining 

residue and the mixture was evaporated to near dryness.  Finally, another 10 mL of 

ultrapure HF was added to the remaining residue and the mixture was evaporated to near 

dryness.  The resulting residue was then redissolved in 1% (v/v) ultrapure HNO3 and 

diluted with ultrapure Milli-Q water up to 25 mL.  The resulting solution was 

subsequently acidified as described above. 

Between each of the above fractions, the resulting sediment-reagent slurries were 

centrifuged, filtered, and acidified.  The residues were washed with minimal amounts (8 

mL) of ultrapure Milli-Q water to avoid excessive solubilization of solid material, 

particularly organic matter. 
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Initial Sediment Digestion: A 0.2 gm (dry weight) aliquot of each sediment 

sample was digested according to the same procedure as fraction 5.  The resulting residue 

was then dissolved and diluted with ultrapure Milli-Q water up to 25 mL.  The resulting 

solution was subsequently acidified as described above. 

Concentrations of REEs from the sequential extraction procedure were analyzed 

by ICP-MS (Perkin Elmer/ Sciex Elan DRC II) at The University of Texas at Arlington 

(UTA)by monitoring 139La, 140Ce, 141Pr, 143Nd, 145Nd, 146Nd, 147Sm, 149Sm, 151Eu, 153Eu, 

155Gd, 157Gd, 158Gd, 159Tb, 161Dy, 163Dy, 165Ho, 166Er, 167Er, 169Tm, 172Yb, 173Yb, and 175Lu 

as described above.  The instrument was calibrated using a series of calibration standards 

of known concentration ranging from 99.57 ppb to 0.009893 ppb.   

2.3.5 Glauconite extraction analysis 

The Aquia aquifer sediments contain a substantial amount of glauconite (Hansen, 

1974; Chapelle, 1983; Haque et al., 2008).  Consequently, two 0.5 (dry weight) aliquots 

of glauconite grains/pellets from 65 mbgs and another from 104 mbgs were hand-picked 

and separated from the bulk sediments using stainless steel forceps for REE analysis.  

The glauconite grains/pellets were next placed in a 50 mL Teflon® beaker and rinsed 

three times with ultrapure Milli-Q water.  The grains/pellets were then air dried in a Class 

100 Laminar flow bench.  The dried grains/pellets were then digested with 10 mL of 

ultrapure HF and the mixture was evaporated to near dryness.  Next, 10 mL of ultrapure 

HNO3 was added to the remaining residue and the mixture was evaporated to near 

dryness.  Finally, another 10 mL of ultrapure HF was added to the remaining residue and 

the mixture was evaporated to near dryness.  The resulting residue was then redissolved 

and diluted with ultrapure Milli-Q water up to 25 mL.  The resulting solution was 
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subsequently centrifuged, filtered, and acidified as described above and analyzed for REE 

as described above by ICP-MS at Tulane University. 

2.3.6 Speciation Modeling 

Speciation of the REEs in Aquia aquifer groundwaters was modeled using a 

version of Humic Ion-Binding Model V, originally developed by Tipping and co-workers 

(Tipping and Hurley, 1992; Tipping, 1993, 1994), and subsequently modified to allow for 

predictions of REE complexation with both inorganic and organic ligands (Tang and 

Johannesson, 2003).  Model V was employed because the majority of the important 

model parameters (nA, pKA, pKB, ΔpKA, ΔpKB, P, fpr, pKMHB) have been established and 

separately fixed for humic and fulvic acids, and because Model V has been widely 

validated for many trace elements including some of the 14 naturally occurring REEs 

(Tipping, 1993; Lead et al., 1998). Consequently, only one parameter, pKMHA, is required 

to fit the model predictions to metal binding data (Tipping, 1993). The pKMHA parameter 

is the intrinsic equilibrium constant for metal-proton exchange reactions involving type A 

sites on the model humic substances (see Tipping, 2002; Tang and Johannesson, 2003). 

The pKMHA parameters were previously estimated using linear free-energy relationships 

between the pKMHA values for other trace elements in the Model V database, and first 

hydrolysis constants and stability constants for these metals with lactic and acetic acid 

(Martell and Smith, 1977; Tang and Johanneson, 2003). We further modified the Model 

V data base by inclusion of stability constants describing REE complexation with 

inorganic ligands (Lee and Byrne, 1992; Schijf and Byrne, 1999, 2004; Klungness and 

Byrne, 2000; Luo and Byrne, 2000, 2001, 2004). We note that although Model V has 
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been updated (Model VI, Tipping, 1998), the new code does not result in significantly 

different speciation results compared to Model V (Lead et al., 1998). 

2.4 Results 

2.4.1 Groundwater chemistry 

 Field measurements (i.e. pH, temperature, conductivity, Eh, DOC, 

alkalinity, iron speciation, and sulfide concentrations) are presented in Tables 2.1 and 2.2 

and major solute data is presented in Table 2.3 for Aquia aquifer groundwaters collected 

from the two flow paths on the Eastern and Western shores of the Chesapeake Bay (Fig. 

2.1).    Concentrations of REEs in Aquia aquifer groundwaters from the Eastern and 

Western shores flow paths are presented in Table 2.4.  Our data indicates that the Aquia 

groundwaters are neutral to slightly alkaline, with the pH values ranging between 7.6 and 

8.4 for the groundwaters collected from the Eastern Shore flow path, and between 7.8 and 

9.7 for groundwaters from the Western Shore.  On the Eastern Shore, alkalinity, 

expressed as HCO3, displays an overall increasing trend with flow down-gradient along 

the flow path, whereas the calculated alkalinity (i.e., based on charge balance; Lyons et 

al., 1992; Goldsmith et al., 2010) of the Western Shore groundwaters show less variation 

and exhibit an overall decreasing trend along the flow path (Fig. 2.2).      

 
For groundwaters from the Eastern Shore, total iron (FeT) concentrations range 

from below detection to 18 mol kg-1, Fe(II) concentrations range from below detection 

to 9.9 mol kg-1, and Fe(III) concentrations range from below detection to 14.5 mol kg-

1.    On the Western Shore, total iron (FeT) concentrations in groundwaters range from 

0.25 to 5.3 mol kg-1, Fe(II) concentrations range from below detection to 5.3 mol kg-1, 

and Fe(III) concentrations range from below detection to 8.7 mol kg-1.  Iron 
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concentrations are much greater in groundwaters from the Eastern Shore flow path (mean 

± SD FeT = 10.6 ± 4.7 mol kg-1) than groundwaters from the Western Shore flow path 

(mean ± SD FeT = 1.9 ± 1.4 mol kg-1).  The iron speciation data for groundwaters from 

the Eastern Shore of the Aquia shows a sharp transition from Fe(III) to Fe(II) around 52 

km down-gradient along the flow path (Fig. 2.2; Haque et al., 2008). 
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 Figure 2.2. Aquia aquifer data: (a) pH; (b) alkalinity; (c) Fe speciation on the Western shore; (d) Fe 
speciation on the Eastern shore as a function of distance from the recharge zone. 

 
Dissolved oxygen (DO) concentrations range between 9.4 and 51 mol kg-1 on 

the Eastern shore and between 32.3 and 464 mol kg-1 on the Western shore.  Dissolved 

oxygen concentrations are slightly higher on the Western shore than the Eastern shore, 

except at well CA 88-3340 on the Western shore, were the DO concentration is 464 mol 
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kg-1 (Fig. 2.3).    Dissolved S(-II) concentrations range from below detection to 0.40 mol 

kg-1 on the Eastern shore concentrations range from below detection to 1.8mol kg-1 on 

the Western shore.  In general, S(-II) concentrations remain low along both shores of the 

flow path, such that 16 out of the 25 wells sampled were below the detection limit (Fig. 

2.3). 

Table 2.1. Hydrogeochemical data for groundwaters from the Aquia aquifer. 

 
*Alkalinity values in parenthesis were calculated based on charge balance (Lyons et al., 1992; Goldsmith 
  et al., 2010). 
a This well was sampled during the 2006 field sampling campaign. 
 

Dissolved NO3
- concentrations range from below detection to 3.2mol kg-1 on 

the Eastern shore and from below detection to 2.4 mol kg-1 on the Western shore.  

Dissolved NO3
- concentrations remain relatively low along the flow path for both shores, 

with the highest concentration on the Eastern shore at 52 km (State Hwy Admin well) 

and on the Western shore at 57 km (CH 94-2436 well) (Fig. 2.3).  Dissolved NH4
+ 
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concentrations range from 0.42 to 15 mol kg-1 on the Eastern shore and from below 

detection to 17 mol kg-1 on the Western shore.  As groundwater flows along the Eastern 

Shore flow path, the dissolved NH4
+ concentrations exhibit higher concentrations beyond 

36 km (Fig. 2.3).  Measured Eh values range between -53 to 44 mV on the Eastern shore 

and between -159 to 115 mV on the Western shore (Fig. 2.3).   

2.4.2 REE Concentrations 

 Rare earth element concentrations in the Aquia are low but relatively similar to 

other circumneutral pH groundwaters (e.g.; Johannesson et al., 1997a, 1999; Tang and 

Johannesson, 2006) (Table 2.4).  On the Eastern shore of the Aquia, neodymium 

concentrations range from 56.3 pmol kg-1 to 71.4 pmol kg-1, and exhibit a mean 

concentration of 65.0 ± 4.8 pmol kg-1.  Neodymium concentrations on the Western shore 

are fairly similar with a range of 41.5 pmol kg-1 to 77.9 pmol kg-1 and a mean 

concentration of 56.7 ± 11.1 pmol kg-1.  Groundwaters that exhibit high Fe(II) 

concentrations (e.g., QA 92-0451 on the Eastern shore and CA 94-2719 on the Western 

shore) have high neodymium concentrations (71.4 and 77.9 pmol kg-1, respectively); 

whereas, groundwaters that exhibit low Fe(II) concentrations (e.g., KE 66-0125 on the 

Eastern shore and SM 81-2634 on the Western shore) have low neodymium 

concentrations (56.3 and 43.2 pmol kg-1, respectively). 

Shale-normalized REE patterns are shown in Fig. 2.4 for groundwaters from both 

studied flow paths within the Aquia aquifer.  Again, the Aquia aquifer groundwater REE 

concentrations are normalized to the North American Shale Composite (Haskin et al., 

1968; Taylor and McLennan, 1985). All of the Aquia aquifer groundwaters from both 

flow paths studied have strikingly similar NASC-normalized REEs patterns (Fig. 2.4).  
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The average Eastern Shore groundwater pattern for Yb/NdNASC was 0.76 ± 0.12 and the 

groundwater pattern for the Western Shore Yb/NdNASC was 0.72 ± 0.11.  Furthermore, all 

but one sample exhibits a slight enrichment in the LREEs relative to the HREEs when 

compared to NASC (Figs. 2.4, 2.5). 

2.4.3 Speciation model results 

The results of the speciation modeling for groundwaters from the Eastern Shore 

flow path of the Aquia aquifer are presented in Fig. 2.6, whereas those for the Western 

Shore flow path are plotted in Fig. 2.7.  The model predicts that the REEs are 

predominantly complexed with carbonate ions in Aquia aquifer groundwater, i.e., 

LnCO3
+ and Ln(CO3)2

-, where Ln indicates any of the 14 naturally occurring lanthanides 

(i.e., rare earth elements). For the majority of the Aquia aquifer groundwaters, the model 

predicts that the dicarbonato complex is the chief form of dissolved REE in solution, and 

further that this species, Ln(CO3)2
- increases in importance with increasing atomic 

number across the REE series and with increasing pH. The only exceptions include the 

lower pH waters from wells KE 66-0125 (pH 7.57) and to a lesser extent AA De-218 (pH 

7.81) where carbonato complexes account for significant fractions of the LREEs in 

solution (Figs. 2.6, 2.7). Free metal ions, Ln3+, account for ~4% of the La in groundwater 

from KE 66-0125, and slightly more than 1% of La in groundwater from the AA De-218 

well. In all other groundwater samples modeled, the free metal ion and all other potential 

aqueous complexes including REE complexed with dissolved organic ligands are 

predicted to account for much less than 1% of each REE in solution (Figs. 2.6, 2.7).
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Table 2.2 Concentrations and speciation data for dissolved Fe, S(-II), Mn, N, and Si of groundwaters from the Aquia aquifer. 

 

aThis well was sampled during the 2006 field sampling campaign. 
BDL denotes below detection limit. 
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Figure 2.3 Aquia aquifer data: (a) dissolved oxygen; (b) S(-II), Mn, and Si; (c) Eh; (d) N speciation as a 
function of distance from the recharge zone. 
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Table 2.3 Concentrations of major solutes (in mmol kg-1) of groundwaters from the Aquia aquifer, Maryland. 

  
Distance 

(km) Ca Mg Na  K  Cl  SO4 

Eastern Shore Wells 

KE 66-0125 22.5 0.925 0.083 0.085 0.056 0.105 0.127 

QA 88-1277 33.5 1.42 0.137 0.179 0.072 0.062 0.077 

QA 94-1322 36.2 0.943 0.647 0.382 0.313 0.026 0.028 

QA 88-1268 51.2 0.715 0.601 0.484 0.362 0.022 0.039 

SHA 52 0.317 0.230 2.39 0.152 0.043 0.042 

QA 94-0111 52.5 0.985 0.752 0.347 0.393 0.053 0.058 

QA 95-0611 55 0.810 0.532 0.355 0.323 0.039 0.071 

QA 73-3626 64.5 1.25 0.525 0.358 0.239 0.057 0.041 

QA 81-2298 70.7 0.669 0.548 0.607 0.363 0.038 0.054 

QA 92-0451 75.1 0.733 0.583 2.13 0.306 0.041 0.050 

QA EB 144 86.3 1.23 0.313 1.83 0.060 0.000 0.077 

Western Shore Wells 

PG-81-1249 20 1.18 0.375 0.175 0.148 0.036 0.065 

CA-94-2719 23 0.993 0.520 0.216 0.206 0.017 0.090 

PG-81-0721 31 0.865 0.621 0.216 0.294 0.031 0.088 

CA-73-3395 34 0.806 0.544 0.181 0.300 0.018 0.118 

AA DE 218a 40 1.60 0.054 0.037 0.087 0.070 0.052 

CH-94-3169 44 0.582 0.593 0.303 0.374 0.018 0.120 

CH-94-1194 45 0.638 0.667 0.325 0.414 0.020 0.106 

CH-94-2436 57 0.528 0.565 0.862 0.429 0.046 0.042 

SM-94-2522 66 0.270 0.226 1.49 0.378 0.042 0.075 

SM-92-0701 68 0.213 0.123 1.59 0.215 0.031 0.111 

CA-88-3340 69 0.084 0.024 2.50 0.162 0.055 0.061 

SM-81-0060 73 0.101 0.038 2.11 0.191 0.064 0.075 

CA-94-0409 74 0.082 0.027 2.78 0.142 0.058 0.063 

SM-81-2634 76 0.055 0.020 2.55 0.134 0.060 0.084 
a This well was sampled during the 2006 field sampling campaign.
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Table 2.4 Concentrations of REEs in (pmol kg-1) of groundwaters from the Aquia aquifer. 
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Figure 2.4 Shale-normalized REE patterns for groundwaters from the Aquia aquifer, Maryland; (a) and 
(b) eastern shore wells, August 2006; (c) and (d) western shore wells, June 2007.  The shale composite 
used for normalization is the North American Shale Composite, for which the values of the REEs (in 
ppm) are: La (32); Ce (73); Pr (7.9); Nd (33); Sm (5.7); Eu (1.24); Gd (5.2); Tb (0.85); Dy (5.8); Ho 

(1.04); Er (3.4); Tm (0.5); Yb (2.8); and Lu (0.48) (Haskin et al., 1968; Taylor and McLennan, 1985). 
 
2.4.4 Sequential extraction and glauconite extraction of Aquia sediments 

 The results of the sequential extraction analysis of the three samples of Aquia 

aquifer sediments are presented in Tables 2.5 and 2.6.  In addition, Fig. 2.8 shows the 

shale-normalized REE patterns for each of the extraction phases and the residual phase 

for the three Aquia aquifer sediment samples.  Figure 2.9 presents the percent-weighted 

amount that each fraction contributes to the overall REE inventory in the sediment 

samples. An outstanding feature of the sequential extraction data is that for each sediment 

depth sampled of Aquia aquifer, the majority of the total REE content of Aquia aquifer 

sediments occurs in the acidic phase (i.e., Fraction 2). As discussed above, the acidic 
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phase generally consists of carbonate minerals that are readily dissolved by leaching with 

a weak acid (i.e., acetic acid). These results suggest that the ubiquitous shell fragments 

that characterize large portions of the Aquia aquifer are the largest reservoir of REEs in 

the aquifer sediments.  

Substantial amounts of La, Ce (86.5 mbgs), and the other REEs are also 

associated with the oxidizable phase, Fraction 4, which presumably reflects metal 

sulfides or sedimentary organic matter. Up to 30% of the LREEs in the Aquia aquifer 

sediments are associated with the exchangeable phase, Fraction 1, and this fraction 

generally decreases with increasing atomic number across the REE series (Fig. 2.9). 

Again, the exchangeable phase likely reflects REEs that are weakly adsorbed to surface 

sites on clays and/or metal oxide/oxyhydroxides within the sediments. The greater 

association of LREEs compared to the HREEs with the exchangeable phase of the Aquia 

aquifer sediments is consistent with the larger degree of adsorption reported for LREEs 

than HREEs for aqueous solutions like Aquia aquifer groundwaters with strong REE-

complexing ligands such as carbonate ions (Koeppenkastrop and DeCarlo, 1992, 1993; 

Tang and Johannesson, 2005b; Quinn et al., 2006).  Finally, REEs associated with the 

residual fraction, Fraction 5 (i.e., silicates), of Aquia aquifer sediments represents a 

relatively small percentage of the REEs within these sediments that is similar to the 

reducible fraction, Fraction 3 (Table 2.6). The relatively low amounts of REEs in the 

residual phases likely reflects the fact the quartz, which is the predominant silicate 

mineral in the aquifer sediments, generally exhibits low REE contents (e.g., Götze et al., 

2004). 
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The results of the REE analyses of the glauconite samples from Aquia aquifer 

sediments (65 and 104 mbgs) are presented in Table 2.7, and plotted as shale-normalized 

ratios in Fig. 2.10. The REE content of glauconite separates from the two depths from the 

Aquia aquifer are remarkably similar, and exhibit an overall enrichment in the HREEs 

relative to LREEs such as Pr and Nd. The glauconite separates also possess substantial 

positive Ce anomalies, somewhat smaller, positive Eu anomalies, and relatively low Pr 

contents compared to La and Nd.  
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Table 2.5 Concentrations of extractable REEs (in mol kg-1) in sediment samples collected from the Aquia 
aquifer. 
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Table 2.6 Fraction of REEs in Aquia sediments. 
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Table 2.7 REE contents (in nmol kg-1) in glauconite separates from sediments from the Aquia aquifer. 
 65 m 104 m 

La 0.78 2.18 
Ce 8878.92 3081.50
Pr 0.38 0.84 
Nd 11.67 12.29 
Sm 14.17 13.71 
Eu 15.04 12.87 
Gd 3.71 4.23 
Tb 1.24 1.24 
Dy 6.65 7.95 
Ho 4.04 3.75 
Er 13.32 11.50 
Tm 8.65 7.16 
Yb 16.37 13.41 
Lu 11.01 9.01 

 

2.5 Discussion 

2.5.1 Groundwater geochemistry and redox conditions along flow the paths 

 Our geochemical analysis of Aquia aquifer groundwaters indicates that chemical 

composition, and to a lesser extent redox conditions, change along the flow path in 

agreement with earlier investigations (Chapelle, 1983; Chapelle and Knobel, 1983, 1985; 

Appelo, 1994; Haque et al., 2008).  Chapelle (1983) demonstrated, for example, that 

groundwater chemistry along a flow path that is broadly consistent with our Western 

Shore flow path exhibited systematic changes with flow down-gradient, such that the 

flow path could be divided into three distinct regions.  With groundwater flow from the 

recharge/outcrop area to approximately 42 km down-gradient along the flow path (i.e., 

region I of Chapelle, 1983), groundwater in the Aquia aquifer is characterized as a Ca-

Mg-HCO3 type water. With flow down-gradient beyond region I to roughly 80 km from 

the recharge zone (region II), Na concentrations increase as the concentrations of both Ca 

and Mg decrease, whereas the HCO3 concentrations remain relatively constant (Chapelle, 
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1983).  With continued flow down-gradient beyond ~80 km from the recharge zone (i.e., 

region III of Chapelle, 1983), Aquia aquifer groundwaters exhibit low concentrations of 

Ca and Mg but increasing concentrations of both Na and HCO3.  The major solute 

groundwater chemistry in region I predominantly reflects dissolution reactions involving 

carbonate shell fragments within the aquifer sediments.  In region II, Chapelle (1983) 

argued that Ca and Mg produced by carbonate shell material dissolution in region I reacts 

with Na-rich glauconite in the sediments, leading to cation-exchange of this Na with Ca 

and Mg in the groundwater.  In region III, the cation exchange reactions involving 

glauconite continue and dissolution of carbonate shell fragments again becomes 

important (Chapelle, 1983; Chapelle and Knobel, 1983; Purdy et al., 1996).  In addition 

to these general geochemical reactions, the evolution of the major ion chemistry with 

flow down-gradient along the flow path within in the Aquia aquifer is consistent with the 

freshening of the aquifer as recharge waters of meteoric origin replace the original 

seawater that occupied the pore space when these marine sediments were deposited 

(Appelo, 1994). Indeed, freshening of the aquifer groundwater and sediments explains 

why cation-exchange is not significant in Region I as rapid dissolution of shell materials 

in the recharge area has stripped Na from glauconite by cation-exchange with Ca2+ and 

Mg2+ over the course of the Aquia aquifer’s geologic history (Chapelle, 1983; Appelo, 

1994). 

 Aquia aquifer groundwaters also exhibit increasing pH with flow down gradient 

along flow paths (Fig. 2.2).  The increasing pH along the flow paths has previously been 

attributed to chemical weathering of glauconite and the dissolution of shell materials 
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within the aquifer sediments (Wolff 1967; Chapelle and Knobel, 1983; Chapelle, 1983; 

Haque et al., 2008).  Alkalinity and specific conductance exhibit overall increasing trends 

with flow down gradient along the Eastern Shore flow path but remain relatively constant 

along the Western Shore flow path (Fig. 2.2, Table 2.1). These trends are generally 

consistent with chemical weathering of aluminosilicate (i.e., glauconite) and carbonate 

minerals within the aquifer sediments as well as microbial respiration (Chapelle, 1983; 

Chapelle and Knobel, 1983, 1985; Chapelle et al., 1987; Penny et al., 2003; Lee et al., 

2007). 

 The measured Eh values are high in the region of the aquifer proximal to the 

recharge zone and generally decrease with flow down gradient beyond 34 km along both 

flow paths (Fig. 2.3).  These measured Eh values are consistent with suboxic conditions 

along the majority of both studied flow paths. We note, however, that the Eh values 

exhibit large variations towards the end of the studied flow path on the Western Shore, 

which is also reflected in the alkalinity and Fe concentration measurements.  The large 

variations in Eh along the lower reaches of the Western Shore flow path may indicate 

percolation of oxygenated meteoric water into this region of the aquifer via, for example, 

municipal wells as the population in this region exceeds that of the Eastern Shore. 

Alternatively, variations in Eh, alkalinity, and Fe concentrations along the lower reaches 

of the Western Shore flow path probably reflect multiple flow paths/flow lines within the 

aquifer (e.g., Basu et al., 2007). This hypothesis is supported by the fact that wells 

sampled along the lower reaches of the flow path are from St. Mary’s County (wells 

identified by “SM”) to the south of the Patuxet River and Calvert County (wells 
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identified with “CA”) north of the river (Fig. 2.1). The distance between these wells 

transverse to the flow direction is as much as 30 km. 

The Fe and dissolved S(-II) concentrations measured along the Aquia 

groundwater flow paths provide important insight into the redox reactions occurring 

within the aquifer.  Specifically, the data suggests that Fe(III) reduction is the chief 

reaction that buffers the redox conditions along the flow path within the aquifer on the 

Eastern Shore (Haque et al., 2008).  For example, around 52 km down gradient along the 

Eastern Shore flow path, a distinct transition in Fe speciation occurs from predominately 

Fe(III), presumably colloidal, to soluble Fe(II) (Fig. 2.2), which is consistent with redox 

conditions being buffered by Fe(III) reduction (Haque et al., 2008).  The opposite appears 

to be the case for the Western Shore flow path where a shift from predominantly Fe(II) to 

Fe(III) in groundwater at 44 km along the flow path occurs.  However, comparison of Fe 

concentrations and speciation for Western Shore groundwaters to those from the Eastern 

Shore reveals the Fe concentrations are substantially lower in groundwaters from the 

Western Shore flow path (Table 2.2; Fig. 2.2). Because the method detection limit for FeT 

and Fe(II) are 0.16 μmol kg-1 and 0.32 μmol kg-1, respectively, we suggest that the Fe 

speciation data for the Eastern Shore groundwaters are more reliable than those of the 

Western Shore because of the substantially higher Fe values detected in Eastern shore 

groundwater.  Nevertheless, assuming that the FeT concentrations measured in 

groundwaters from the Western Shore flow path are the most accurate representation of 

Fe concentrations along this flow path, these data indicate that Fe concentrations are 

highest nearest to the recharge zone and subsequently decrease with flow down gradient 
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along the flow path until ~ 44 km from the recharge zone.  The decrease in Fe 

concentrations may reflect adsorptive processes (Haque et al., 2008) or precipitation of 

Fe(III) oxides/oxyhydroxides as these groundwaters are all oversaturated with respect to 

ferrihydrite, goethite, and hematite (mean ± SD SIferrihydrite = 1.05 ±0.46, SIgoethite = 6.67 ± 

0.46, SIhematite = 15.3 ± 0.93).  It should be noted that Aquia aquifer groundwater from the 

Eastern Shore are also oversaturated with respect to these Fe(III) oxides/oxyhydroxides 

(mean ± SD SIferrihydrite = 2.11 ±0.24, SIgoethite = 6.59 ± 0.25, SIhematite = 14.1 ± 0.5).  With 

flow beyond 44 km, the FeT concentration roughly doubles, which may indicate Fe(III) 

reduction even though our measured Fe(II) are at or below detection.  Iron concentration 

then generally decrease with flow down gradient along the flow path, reflecting either 

sorption, precipitation of Fe oxides, or possible siderite formation (see below).  

 Because dissolved S(-II) concentrations are at or below the detection limit in the 

majority of the Aquia groundwaters sampled (Table 2.2), sulfate reduction does not 

appear to occur along either of the studied flow paths (e.g., Haque et al., 2008).  Owing to 

the low dissolved sulfide concentrations, Aquia groundwaters can be classified as suboxic 

based on the classification scheme proposed by Berner (1981; i.e., 1 m kg-1 ≤ O2 ≤ 30 

mol kg -1; see also Anderson et al., 1994; Fig. 2.3b).  The concentrations of dissolved 

oxygen in the Aquia groundwaters also indicate suboxic conditions, although several 

wells sampled on the Western shore generally exhibit oxic conditions (O2 ≥ 30 mol kg-1; 

Fig. 2.3a).  Another indication of the suboxic groundwaters of the Aquia are the relatively 

high concentrations of NH4
+ compared to the low concentrations of NO3

- (Fig. 2.3d).  
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The accumulation of NH4
+ along the flow path indicates dissimilatory nitrate reduction to 

ammonia (Fryar et al., 2000). 

2.5.2 Controls on REE concentrations and shale-normalized REE patterns 

All Aquia aquifer groundwaters exhibit relatively flat shale-normalized REE 

patterns (Fig. 2.4), albeit, with slight enrichments in the LREEs compared to HREEs.  

The slight overall enrichments in the LREEs are exemplified by the shale-normalized 

Yd/Nd ratios, [i.e.,(Yb/Nd)NASC, Fig. 2.5] all of which are less than 1.0, except for 

groundwater from the QA 92-0451 well on the Eastern shore.  The relatively flat shale-

normalized REE patterns of Aquia aquifer groundwaters are broadly similar to shale 

composites such as NASC, as well as other upper continental crustal rocks (e.g., Taylor 

and McLennan, 1985), although the absolute concentrations of the REEs in these 

groundwaters are between 106 and 107 times lower than the corresponding rock/sediment 

contents (Fig. 2.4). The REE data for Aquia aquifer groundwaters are consistent with 

weathering of an upper continental crustal source, such as Aquia aquifer sediments, being 

the chief source of REEs to the groundwaters.  This conclusion is further supported by 

the sequential extraction results for Aquia aquifer sediments, the majority of which also 

exhibit relatively flat NASC-normalized REE patterns (Table 2.5; Fig. 2.8).  

The relatively flat, NASC-normalized REE patterns of Aquia aquifer 

groundwaters are generally consistent with preferential release of REEs to solution via 

chemical weathering reactions.  Once released to Aquia groundwaters, the speciation 

model results indicate the REEs form strong and stable aqueous complexes with 

carbonate ions (Figs. 2.6, 2.7).  Although chemical weathering of Aquia aquifer sediment 
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is likely the chief mechanism of REE release to Aquia groundwaters, desorption and/or 

reductive dissolution of Fe(III) oxides/oxyhydroxides may also be important.  Others 

have demonstrated that LREE and MREEs are preferentially adsorbed onto Fe(III) 

oxides/oxyhydroxides compared to HREEs in the presence of strong complexing ligands 

such as CO3
2- and dissolved organic matter, which typically form stronger solution 

complexes with HREEs (Luo and Byrne, 2004; Quinn et al., 2006; Sonke and Salters, 

2006; Tang and Johannesson, in review).  Consequently, changes in groundwater 

compositions related to chemical weathering reactions that lead to increases in dissolved 

solute concentrations and pH could conceivably promote desorption of weakly surface-

sorbed REEs (e.g., Hall et al., 1996).  We note, however, that the relatively constant 

specific conductance and total dissolved solids concentrations along both flow paths 

studied in the Aquia aquifer (Table 2.1) suggests that ionic strength related REE 

desorption is probably relatively minor in Aquia aquifer groundwaters.  Another likely 

mechanism of REE release involves microbial reduction of Fe(III) oxides/oxyhydroxides 

within Aquia aquifer sediments (e.g,. Haque et al., 2008) and subsequent release of 

adsorbed and/or co-precipitated REEs to Aquia groundwaters.  Because Fe(III) 

oxides/oxyhydroxides preferentially scavenge LREEs and MREEs relative to HREE from 

solution during precipitation (e.g., Koeppenkastrop and DeCarlo, 1993; Sholkovitz et al., 

1994; Quinn et al., 2004), the subsequent dissolution of these metal oxides/oxhydroxides 

by reductive processes is expected to release relatively more LREEs and MREEs to 

solution than HREEs.  However, shale-normalized REE patterns of the reducible fraction 

of Aquia aquifer sediments (i.e., Fraction 3), which likely reflects Fe(III) 
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oxides/oxyhydroxides, are flat to slightly enriched in the HREEs compared to the LREEs 

(Fig. 2.8).  The NASC-normalized Yb/Nd ratios, for example, of the Fraction 3 sequential 

extracts of the 61 m, 72 m, and 86.5 m depth samples of the Aquia aquifer sediments are 

1.84, 1.60, and 1.36, respectively (Table 2.5).  Thus, although reductive dissolution of 

Fe(III) oxides/oxyhydroxides appears to play an important role in As mobilization in 

Aquia aquifer groundwaters (Haque et al., 2008), our sequential extraction data suggest 

that chemical weathering reactions of other minerals, and possibly oxidation of organic 

matter or reduced minerals (see below), contribute relatively more REEs to Aquia aquifer 

groundwaters than release via reductive dissolution of Fe(III) oxides/oxyhydroxides.  

The sequential extraction data indicate that the readily exchangeable fraction of 

REEs in Aquia aquifer sediments (Fraction 1), which includes REEs weakly associated 

(e.g., physisorbed) with surfaces on Fe(III) oxides/oxyhydroxides and/or clay minerals 

such as glauconite, can release comparatively large amounts of the LREEs and MREEs to 

Aquia aquifer groundwater relative to the reducible phase in these sediments (Figs. 2.8, 

2.9). Moreover, the oxidizable fraction (Fraction 4) has high, NASC-normalized LREE 

(especially for La and Ce) and HREE concentrations compared to the all other sequential 

extraction fractions, except Fraction 2, suggesting that oxidation of organic matter, or 

possibly sulfide minerals like pyrite, may contribute REEs to Aquia aquifer 

groundwaters.  It is well known that REEs are strongly complexed by organic ligands 

(Tang and Johannesson, 2006, in review; Yamamoto et al., 2005; Sonke and Salters, 

2006; Pourret et al., 2007), and microbial conversion of organic matter into small organic 

molecules (fermentation) or CO2 (respiration) could conceivably lead to the release of 
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associated REEs to the groundwaters.  Alternatively, other researchers have suggested 

that REEs may be associated with metal sulfides in some marine settings, including 

sediments, either as co-precipitates or via surface (sorptive) reactions (Schijf et al., 1995; 

DeCarlo et al., 1998; Chaillou et al., 2006), whereas others have demonstrated adsorption 

of the REE, Eu, onto oxidized pyrite surfaces (Naveau et al., 2006).  Hence, the 

possibility that metal sulfide minerals could be important in REE cycling in aquifers and 

other saturated sediments warrants further examination.  

Despite the relative importance of readily exchangeable, physisorbed REEs and 

those associated with oxidizable phases (i.e., organic and/or metal sulfides) within Aquia 

aquifer sediments, the sequential extraction data indicate that REEs associated with 

mineral phases that are mobilized by treatment with a weak acid (i.e., acetic acid) 

represents the largest pool of REEs in Aquia aquifer sediments (Figs. 2.8, 2.9).  As 

mentioned above, this fraction (Fraction 2) chiefly represents REEs associated with 

carbonate minerals (shell fragments) within the Aquia aquifer sediments (e.g., Tang et al., 

2004; Tessier et al., 1979).  Shell fragments composed of both calcite and aragonite are 

common within these sediments, accounting for between 1 and 8% of Aquia aquifer 

sediments by volume (Chapelle, 1983; Chapelle and Knobel, 1983; Aeschbach-Hertig et 

al., 2002).  Both calcite and aragonite are commonly enriched in REEs, reflecting the 

relative ease with which REEs substitute for Ca within the calcium carbonate mineral 

lattice (Carroll, 1993; Meinrath and Takeishi, 1993; Sholkovitz and Shen, 1995; Zhong 

and Mucci, 1995; Elzinga et al., 2002).  The ionic radii of trivalent REEs in six-fold and 

seven-fold coordination ranges from 1.032 to 0.861 Å (mean ± SD = 0.94 ± 0.05 Å) and 
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1.11 to 0.925 Å (mean ± SD = 1.01 ± 0.06 Å), respectively, which are similar to divalent 

Ca in six-fold and seven-fold coordination (1.0 and 1.06 Å, respectively; Shannon, 1976).  

The similarity in ionic radii between REEs and Ca in six- and seven-fold coordination is 

one reason for the general compatibility of trivalent REEs within CaCO3 minerals, 

despite difference in charge (Elzinga et al., 2002).  Nonetheless, we note that all of the 

Aquia aquifer groundwaters sampled as part of our study are saturated to slightly 

oversaturated with respect to calcite and aragonite.  For example, the mean ± SD for the 

saturation index (SI) for calcite and aragonite in Aquia aquifer groundwaters are SIcalcite = 

0.43 ± 0.17 and SIaragonite = 0.28 ± 0.17, as determined by PHREEQC and The 

Geochemist’s Workbench® (Parkhurst and Appelo, 1999; Bethke, 2008).   

Because the computed saturation indices indicate that Aquia aquifer groundwaters 

are either at equilibrium or oversaturated with respect to calcite and aragonite, 

precipitation and not dissolution of these minerals is energetically favored.  This suggests 

that shell fragment dissolution is not occurring along the portions of the aquifer sampled 

in this study.  In some of the groundwaters siderite dissolution is favored (e.g., SIsiderite for 

groundwaters from wells KE 66-0125, CA 88-3340, and SM 81-2634 are -1.14, -2.81, 

and -3.67, respectively), although the majority of Aquia aquifer groundwaters are also at 

equilibrium with respect to siderite (mean ± SD SIsiderite excluding these three well waters 

is -0.005 ± 0.41).  Consequently, if carbonate mineral phases within the aquifer sediments 

(i.e., shell fragments) are the chief source of dissolved REEs to Aquia aquifer 

groundwaters, then dissolution of these mineral must be occurring in the recharge zone 

prior to attainment of equilibrium with respect to these carbonate phases.  This would 
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require that REEs are added to Aquia aquifer groundwaters near the aquifer’s outcrop 

region, and within the first 20 - 30 km of each flow path because by well QA 88-1277 

along the Eastern Shore flow path (33.5 km), and well PG 81-1249 (20 km) on the 

Western Shore, Aquia aquifer groundwaters are already saturated to oversaturated with 

respect to both calcite and aragonite (QA 88-1277, SIcalcite = 0.24, SIaragonite = 0.07; PG 

81-1249, SIcalcite = 0.62, SIaragonite = 0.47).  This hypothesis is supported by the major 

solute data (i.e., Ca2+, Mg2+, HCO3
-) for Aquia aquifer groundwater, which indicates that 

dissolution of shell fragments within the aquifer sediments is the chief control on 

groundwater compositions along the first ~40 km of the flow path (Region I; Chapelle, 

1983).  Indeed, the majority of the shell fragment dissolution occurs within the first 10 

km of the flow path studied by Chapelle (1983).  Therefore, we suggest that the bulk of 

the REEs in Aquia groundwater are added in and near the recharge zone (e.g., first 20 – 

30 km of the flow paths) as relatively low pH meteoric and soil zone water interact with 

the abundant shell fragments in the aquifer (e.g., Johannesson et al., 1999, 2005; Tweed 

et al., 2006).  The REEs released by shell fragment dissolution are subsequently 

transported, relatively conservatively (see below) with advecting groundwater along the 

remaining ~ 60 km of each studied flow path (also see McCarthy et al., 1998).  We note 

that pH as low as 6.0 has been reported for groundwaters from near the recharge zone 

(Chapelle, 1983).  The fact that REE concentrations and NASC-normalized fractionation 

patterns are relatively constant along the lengths of both studied flow paths suggests 

steady-state conditions and thus relatively conservative transport of REEs (Bigot et al., 
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1984; Johannesson et al., 1997a, b; Dia et al., 2000; Olías et al., 2005; Tweed et al., 

2006). 

Finally, we note that all of the Aquia aquifer groundwaters exhibit negative Pr 

anomalies relative to La, Ce, and Nd (Fig. 2.4).  We suggest that the negative Pr 

anomalies may reflect a weathering signature inherited from glauconite as our glauconite 

analyses indicate anomalously low Pr contents relative to La, Ce, and Nd (Fig. 2.10). 

However, because the NASC-normalized REE patterns of the two Aquia aquifer 

glauconite separates different dramatically from a glauconite separate from an shallow 

aquifer on Cape Cod, Massachusetts (Bau et al., 2004), more investigation of REEs 

associated with glauconite is required before sound conclusions can be drawn regarding 

the importance of glauconite weathering on Aquia groundwater REE signatures.  

2.5.3 REEs along the flow paths 

Although all of the Aquia aquifer groundwater samples analyzed exhibit similar, 

relatively flat shale-normalized REE patterns, close examination reveals that the 

fractionation patterns change slightly along the flow path such that the degree of LREE 

enrichment decreases with flow down gradient along the flow path.  However, the small 

changes in REE fractionation patterns along the studied flow paths in the Aquia aquifer 

are negligible when compared to those reported for the Carrizo Sand aquifer in Texas and 

a shallow, alluvial-fill aquifer in southern Nevada (Johannesson et al., 1999; Tang and 

Johannesson, 2005a, 2006).  Furthermore, other than pH and alkalinity, the slight 

decrease in LREE enrichment along the flow paths within the Aquia aquifer does not 

appear to correspond to any other changes in solution composition or redox conditions 
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(compare Fig. 2.5 with Figs. 2.2 and 2.3).  Compared to the Carrizo Sand aquifer where 

pH ranges between 6 and 9 and distinct Fe- and sulfate-reducing zones occur along the 

flow path (Tang and Johannesson, 2006; Haque and Johannesson, 2006a; Basu et al., 

2007), the groundwater pH along each studied flow path in the Aquia aquifer varies by at 

most one pH unit.  Furthermore, Fe-reduction appears to be the chief redox-buffering 

reaction within Aquia aquifer groundwaters (Haque et al., 2008; Fig. 2.2).   

Previous studies indicate that in some groundwater flow systems, groundwaters 

obtain REE signatures in or near the aquifer recharge zones where acidic meteoric water 

and soil zone waters, charged with CO2 from plant and microbial respiration, mobilize 

REEs from aquifer minerals via congruent and incongruent chemical weathering 

reactions (Johannesson et al., 1997a, b, 1999, 2005; Tang and Johannesson, 2005a, 2006; 

Tweed et al., 2006). Equilibrium thermodynamics indicates that meteoric water in 

equilibrium with atmospheric CO2 at 25°C will have a pH of ~5.67 (e.g., Drever, 1997), 

whereas soil zone waters can have pH values as low as 4 or 5 (Nesbitt, 1979).  Once 

mobilized, REEs concentrations and fractionation patterns are subsequently modified 

with flow down gradient along flow paths by solution and surface complexation 

reactions, mineral precipitation/dissolution reactions, changing redox conditions, and 

mixing/dilution processes (Johannesson et al., 1997a, b, 1999; 2005; Tang and 

Johannesson, 2005a, 2006; Tweed et al., 2006).   

As discussed above, our data suggest that REEs are mobilized near the recharge 

zone of the Aquia aquifer by dissolution of shell fragments within the aquifer sediments.  

Once REEs are released into solution in the Aquia aquifer they form strong aqueous 
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complexes with carbonate ions, including both carbonato complexes, LnCO3
+, and 

especially dicarbonato complexes, Ln(CO3)2
- (Figs. 2.6, 2.7).  More specifically, the 

speciation modeling predicts that relatively more of each HREE occurs in Aquia aquifer 

groundwaters as dicarbonato complexes compared to each LREE (Figs. 2.6, 2.7).  For 

example, the percentage of Yb predicted to occur in solution as Yb(CO3)2
- ranges from 

68.23 to 99.64 (mean ± SD = 90.18 ± 9.03), whereas La(CO3)2
- accounts for between 

15.72 to 96.18 (mean ± SD = 53.34 ± 22.25).  The rest of the La in solution occurs as 

positively charged LaCO3
+ and La3+ species or complexed with organic ligands (Figs. 

2.6, 2.7).  Because the point of zero (ZPC) charge for goethite and other Fe(III) 

oxides/oxyhydroxides, which forms coatings on quartz grains in Aquia aquifer sediments 

(Haque et al., 2008) ranges between pH 6 and 8 (Dzombak and Morel, 1990; Drever, 

1997), and the ZPC for glauconite ranges between pH 4.8 and 6.3 (Hao et a., 1987; Smith 

et al., 1996), adsorption of negatively charged dicarbonato complexes is expected to be 

relatively minor in the circumneutral to alkaline pH Aquia aquifer groundwaters (e.g., 

Johannesson et al., 1999, 2005; Tang and Johannesson, 2005b).  Consequently, the 

relatively constant REE concentrations and NASC-normalized fractionation patterns that 

characterize Aquia aquifer groundwaters reflects rapid dissolution of shell fragments 

within the aquifer sediments near the recharge zone, which releases REEs to the 

groundwaters, followed by relatively conservative transport of REEs in the form of 

Ln(CO3)2
- aqueous complexes down gradient along the flow path as these negatively 

charged complexes will exhibit a low affinity to sorb to negatively charged mineral 

surface sites that are expected to predominate in the Aquia aquifer groundwater flow 
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system.  Tweed et al. (2006) similarly argued that relatively constant REE concentrations 

and fractionation patterns in a shallow, fractured rock aquifer from southern Australia 

reflected REE mobilization within the aquifer recharge area followed by conservative 

transport of REE carbonate complexes along the length of the studied flow path.  
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Figure 2.5 Shale-normalized Yb/Nd ratios for groundwaters from the Aquia aquifer as a function of 

distance from the recharge zone. 
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Figure 2.6 Results of speciation modeling of REEs in some Aquia aquifer groundwaters from the Eastern 
Shore flow path. Ln refers to any of the lanthanide series elements (i.e., the REEs), and HM indicates 

dissolved humic matter (i.e., humic acid and/or fulvic acid). 
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Figure 2.7 Results of speciation modeling of REEs in some Aquia aquifer groundwaters from the Western 
Shore flow path. 
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Figure 2.8 Shale-normalized REE patterns in the Aquia sediments at (a) 61 m; (b) 72 m; (c) 86.5 m. 
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Figure 2.9 Percent-weighted amount that each fraction contributes to the content of each REE in Aquia 
aquifer sediment samples from (a) 61 m; (b) 72 m; and (c) 86.5 m below ground surface. 
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Figure 2.10 Shale-normalized REE patterns for glauconite extraction from the Aquia aquifer sediments. 

 

2.6 Conclusion 

 The data in this study demonstrate that the groundwaters samples collected from 

the Aquia aquifer evolve along the flow paths due to chemical weathering and changes in 

redox conditions.  Redox indicators, such as Eh, dissolved oxygen, Fe concentrations and 

speciation, dissolved S(-II), indicate that the Aquia groundwaters are suboxic and non-

sulfidic.  The suboxic groundwater conditions are also reflected by the high 

concentrations of NH4
+ compared to the low concentrations of NO3

- for the Aquia 

groundwaters.   

 Dissolved REE behavior exhibits relatively flat shale-normalized REE patterns, 

with slight LREE anomaly, along the entire lengths of groundwater flow paths in the 

Aquia aquifer.  In general, the Aquia groundwaters exhibit a slight enrichment in LREEs 

over HREEs.  The similarity between the NASC-normalized REE patterns and the REE 

concentrations of Aquia aquifer groundwaters implies the comparatively homogeneous 
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groundwater compositions and redox conditions in the Aquia aquifer.  Groundwater REE 

concentrations are consistent with weathering of an upper continental crust source, such 

as Aquia aquifer sediments, being the main source of REEs to the groundwaters.  This 

also appears in the sequential extraction results for the Aquia aquifer sediments where the 

majority of the NASC-normalized REE patterns are relatively flat.  Sequential extraction 

analyses of Aquia aquifer sediments further indicate the largest pool of REEs in Aquia 

aquifer sediments is associated with carbonate minerals (shell fragments).  Computed 

saturation indices calculations indicate that groundwaters are saturated to oversaturated 

with respect to both calcite and aragonite.  Therefore, dissolution of carbonate minerals 

(shell fragments) must be occurring in or near the recharge zone prior to attainment of 

equilibrium with respect to these carbonate phases.  Major solute (i.e. Ca2+, Mg2+, HCO3
-) 

for Aquia aquifer groundwater also denotes that dissolution of shell fragments within the 

aquifer sediments is the primary control on groundwater compositions along the first 20 

km of the flow paths.  In addition, speciation modeling indicates that REEs form strong 

aqueous complexes with carbonate ions, including carbonato complexes, LnCO3
+, and 

especially dicarbonato complexes, Ln(CO3)2
-, which exhibit a low affinity to sorb to 

negatively charged mineral surface sites in the aquifer sediments. 
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CHAPTER 3 
 

ARSENIC AND ANTIMONY IN GROUNDWATER FLOW SYSTEMS: A 

COMPARATIVE STUDY 

3.1 Introduction 

Arsenic (As) and antimony (Sb) are considered priority pollutants by the U. S. 

Environmental Protection Agency (USEPA, 1979) and the European Union (Council of 

the European Communities, 1976). Consequently, the US EPA and the World Health 

Organization recommend a maximum contaminant level (MCL) of 133 nmol kg-1 (i.e., 

10 ppb) for As in drinking waters, and the US EPA has set an MCL of 49 nmol kg-1 (6 

ppb) for Sb in drinking waters.  The European Union also set maximum admissible 

concentrations for As of 133 nmol kg-1 and 41 nmol kg-1 (i.e., 5 ppb) for Sb in drinking 

waters (Council of the European Union, 1998).   

The toxicity of As to humans is well known and most people are exposed to As 

via consumption of drinking water sources with elevated As concentrations (Smith et 

al., 1992; NRC, 1999, 2001; Gebel, 2000; Ratnaike, 2003). Indeed, the relatively recent 

recognition of the mass poisoning of tens of millions of people in the Ganges – 

Brahmaputra river delta plain of Bangladesh and West Bengal, India, via consumption 

of high As groundwaters, has focused much research towards understanding the 

biogeochemical reactions responsible for As mobilization in groundwater flow systems 

(Das et al., 1995; Bhattacharya et al., 1997, 2002; Nickson et al., 1998; Chowdhury et 
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al., 2000; McArthur et al., 2001, 2004, 2008, 2010; Smedley and Kinniburgh, 2002; 

Islam et al., 2004; van Geen et al., 2004; Zheng et al., 2004, 2005; Mailloux et al., 2009; 

Neumann et al., 2010). Chronic exposure to As via drinking water has been linked to 

numerous poor health outcomes including skin keratosis, skin and bladder cancer, type 

2 diabetes, heart disease, and respiratory diseases among others, and As is commonly 

recognized as the most serious naturally occurring carcinogen (Smith et al., 1992; NRC, 

1999, 2001; Hughes, 2002; Nriagu, 2002; Ratnaike, 2003; Yoshida et al., 2004; Meliker 

and Nriagu, 2007; Navas-Acien et al., 2008; Hughes et al., 2009; Ravenscroft et al., 

2009). Moreover, As(III) is estimated to be ~10 to 60 times more toxic than As(V) 

(Ratnaike, 2003). Although much less is currently known about the toxicity of Sb, 

especially regarding the processes responsible for its genotoxicity, like As, it is also 

clastogenic (Gebel, 1997, 1998). Moreover, as with As, the trivalent form of Sb is 

reported to be more toxic than the pentavalent form (Bencze, 1994; Fiella et al., 2002a, 

b). Despite its toxicity and identification as a priority pollutant, much less is known 

about the biogeochemistry of Sb in the environment compared that of As (e.g., see 

Wilson et al., 2010 for a recent review).  

Because As and Sb belong to Group VA (i.e., subgroup 15) of the periodic table 

of elements, they exhibit broadly similar chemical properties and, hence, comparable 

geochemical behavior in the environment (Crecelius et al., 1975).  Moreover, due to 

decreased electronegativity, both exhibit the properties of metals and non-metals, and 

are thus generally referred to as metalloids (Pauling, 1988).  Arsenic and Sb can exist in 

four oxidation states (-III, 0, III, V), but most commonly occur as (III) and (V) in the 
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environment (Filella et al., 2002a, b; Smedley and Kinniburgh, 2002).  Nevertheless, 

few studies have focused on the correlation between these two elements in the 

environment.  Mitsunobu et al. (2006) compared the behavior of As and Sb in soil and 

water samples from the Ichinokawa mine pit in Ehime, Japan.  The results from their 

study suggest that the behaviors of As and Sb are closely related to the biogeochemical 

cycling of Fe and Mn in the soil profile.  However, they suggested, based on the 

predominance of Sb(V) and the co-occurrence of As(V) and As(III) that there was no 

relationship between As and Sb abundances in soil water due to differences in their 

redox properties (Mitsunobu et al., 2006).   

In this study we examine the relationship between As and Sb geochemistry in 

three groundwater flow systems; the Carrizo Sand aquifer in Texas, the Upper Floridan 

aquifer in Florida, and the Aquia aquifer of coastal Maryland.  Previously, we measured 

As and selenium (Se) concentrations and speciation along the groundwater flow paths in 

these aquifers (e.g., Haque and Johannesson, 2006a, b; Basu et al., 2007; Haque et al., 

2008).  Here, we present new Sb and As data (Aquia aquifer only) and compare these 

data to gain insight into the biogeochemical processes affecting As and Sb 

concentrations and speciation along the flow path within these groundwater flow 

systems.   

3.2 Study Areas 

3.2.1 Carrizo Sand aquifer 

The Carrizo Sand aquifer is an unconsolidated, chiefly confined aquifer located 

within the Gulf Coastal Plain of southeastern Texas (Fig. 3.1). The aquifer outcrops 
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along a sand ridge that roughly parallels the Texas coast, and dips towards the southeast 

and the Gulf of Mexico. Groundwater is recharged along the sand ridge and 

subsequently flows southeast towards the Gulf of Mexico at an average rate of 

approximately 2 m a-1 (Pearson and White, 1967; Stute et al., 1992; Castro et al., 2000; 

Castro and Goblet, 2003). The aquifer is composed of mostly fine- to medium-grained, 

Eocene quartz sand with minor amounts of clay, lignite, calcite, and pyrite (Pearson and 

White, 1967).   Within the recharge area the sands are coated with Fe(III) 

oxides/oxyhydoxides, including goethite and hematite, and clay minerals (chiefly 

kaolinite and illite; Basu et al., 2007). From the outcrop in Atascosa County towards the 

south in southern McMullen County the thickness of the Carrizo Sand varies from 100 

to 360 m, showing an increase along the flow path (Castro et al., 2000).  The porosity of 

the aquifer is estimated to range from ~30 to 40% (Pearson and White, 1967).  Using 

14C measurements, Pearson and White (1967) suggested the age of Carrizo groundwater 

increases from ~5,000 years near the outcrop area in northern Atascosa County to 

~30,000 years in southern McMullen County.  In this contribution, groundwater 

samples were collected along a well studied flow path beginning in the recharge zone in 

northern Atascosa County, Texas, and continuing to the southeast into northern 

McMullen County (Pearson and White, 1967; Stute et al., 1992; Castro et al., 2000; 

Castro and Goblet, 2003; Haque and Johannesson, 2006a; Tang and Johannesson, 2006; 

Basu et al., 2007).   
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3.2.2 Upper Floridan aquifer 

The Upper Floridan aquifer consists of a highly permeable carbonate rock 

succession that includes the Suwannee Limestone (Oligocene), the Ocala Limestone 

(upper Eocene), and the Avon Park (middle Eocene) Formation (Stringfield, 1966; 

Miller, 1986).  The Upper Floridan aquifer is chiefly composed of calcite (~66%) and 

dolomite (~33%), along with minor amounts of gypsum, anhydrite, chert, quartz, 

apatite, metal oxides, sulfides, lignite, and clay minerals (Hanshaw et al., 1965a, b; Rye 

et al., 1981; Plummer et al., 1983; Sacks et al., 1995).  The thickness of the Upper 

Floridan aquifer ranges from 60 to 640 m (Miller, 1986).  In this study, groundwater 

samples were collected along a well characterized flow path located within west-central 

Florida (Fig. 3.1, see Haque and Johannesson, 2006b; Basu et al., 2007). The chosen 

flow path closely follows “path II” defined by Plummer and Sprinkle (2001) as well as 

the flow path investigated by Hanshaw et al. (1965a, b) and Back and Hanshaw (1970). 

Groundwater is recharged to the Upper Floridan aquifer in the vicinity of Polk City, 

where the aquifer is largely unconfined (Back and Hanshaw, 1970; Miller, 1986; 

Plummer and Sprinkle, 2001). Here, the overlying Hawthorn Formation, which 

typically acts as a confining layer, is absent allowing for direct recharge to the Upper 

Floridan aquifer as evidenced by the predevelopment potentiometric high centered on 

Polk City (e.g., Stringfield 1966; Hanshaw et al., 1965a, b; Johnston et al., 1980). From 

the Polk City region, groundwater historically flowed radially outward towards the 

coast, discharging in the case of our studied flow path, to the Gulf of Mexico in the 

vicinity of Venice, Florida (Fig. 3.1; Bush and Johnston, 1988; Wicks and Herman, 
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1994; Sacks et al., 1995; Plummer and Sprinkle, 2001).  Again, the reader is referred to 

the above cited studies as well as Haque and Johannesson (2006b) and Basu et al. 

(2007) for more details. 

3.2.3 Aquia aquifer 

The Aquia aquifer is an unconsolidated, principally confined Coastal Plain 

aquifer that outcrops along a southwest to northeast trend from proximal to Washington, 

DC, through Annapolis, Maryland, and across the Chesapeake Bay to Kent County, 

Maryland (Fig. 3.3; Chapelle, 1983; Aeschbach-Hertig et al., 2002; Haque et al., 2008). 

The Aquia aquifers dips to the southeast, beneath Chesapeake Bay, ending in a facies 

change to progressively more clay-rich, and hence, less permeable sediments 

approximately 90 km from the outcrop area (Chapelle, 1983; Aeschbach-Hertig et al., 

2002; Haque et al., 2008). The Aquia is overlain by the confining Marlboro clay and is 

underlain by the silts and clays of the Cretaceous Severn Formation (Chapelle, 1983). 

The Aquia aquifer is a Paleocene and Eocene marine deposit consisting of quartz sand 

(~55%), glauconite (~30%), and shell fragments (~8%), in addition to clay minerals, 

iron oxides/oxyhydroxides, including magnetite, hematite, and goethite, as well as 

minor garnet, hornblende, pyrite, and lignite (Page, 1957; Wolff, 1967; Hansen, 1974; 

Chapelle, 1983; Haque et al., 2008).  The aquifer ranges in thickness from 23 to 30 m 

near the Chesapeake Bay (Harsh and Laczniak, 1980).  The groundwater flow patterns 

within the Aquia are dominated by flow from the recharge areas towards the south and 

east, although the predevelopment potentiometric surface indicates that flow within 

portions of the aquifer on the eastern shore of the Chesapeake Bay historically flowed 
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south and west towards the Bay (Chapelle, 1983; Aeschbach-Hertig et al., 2002; 

Drummond, 2001, 2007; Haque et al., 2008).  In this study, groundwaters were 

collected from a flow path located on the Eastern Shore that was previously investigated 

by Haque et al. (2008). Earlier investigations chiefly focused on flow paths on the 

Western Shore of Chesapeake Bay (e.g, Chapelle, 1983; Chapelle and Knobel, 1983, 

1985; Purdy et al., 1996; Aeschbach-Hertig et al., 2002). 

 
Figure 3.1 Location of the three studies areas (Carrizo Sand aquifer, Texas; Upper Floridan aquifer, 
Florida; Aquia aquifer, Maryland) within the United States of America. See Tang and Johannesson 

(2006), Haque and Johannesson (2006a, b), and Haque et al. (2008) for details concerning each field site. 
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3.3 Materials and Methods 

3.3.1 Sample collection and field analysis 

Before groundwater sample collection all sample bottles (HDPE), field 

containers (LDPE), Teflon® tubing, and lab-ware were rigorously cleaned using trace 

element clean procedures (Johannesson et al., 2004). Furthermore, during sample bottle 

cleaning and field sampling, laboratory and field personnel wore similarly cleaned poly 

gloves. After sample bottles were cleaned and bagged, they were placed within clean 

plastic ice chests for transport to and from the field collection sites.  

Groundwater samples were collected from 10 wells in the Carrizo Sand aquifer 

(June 2004), 10 wells in the Upper Floridan aquifer (July 2004), and 11 wells in the 

Aquia aquifer (July 2006) for analysis of As, Sb, dissolved Fe species [i.e., Fe(II),  

Fe(III)], sulfide [S(-II)], and a number of ancillary geochemical parameters including 

pH, temperature, alkalinity, major solutes, dissolved oxygen, and Eh (e.g., Haque and 

Johannesson, 2006a, b; Basu et al., 2007; Haque et al., 2008).  In order to ensure that 

groundwater samples collected from each of the aquifers were actually representative of 

groundwaters from the aquifer and not the individual well bores, all of the wells were 

purged for at least 30 minutes or until pH, temperature, and conductivity stabilized.  

A Hydrolab MiniSonde 5 with a flow-through cell was used to quantify the Eh, 

pH, specific conductance, and temperature of the groundwater samples.  The flow-

through cell was directly connected to each well by a polyethylene tube, which allowed 

the Eh of the groundwaters to be measured by minimizing exposure of the sample to the 

atmosphere.  A portable UV/VIS spectrophotometer (Hach DR/2400) was used to 
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determine iron speciation and dissolved S(-II) concentrations using separate sample 

aliquots.  Specifically, Fe(II) was determined using the 1,10 phenanthroline method 

(Eaton et al., 1995), whereas total Fe (FeT) was determined using the Ferrozine method 

(Stookey, 1970; Hach, 2004). The Fe(III) concentration in each groundwater sample 

was then determined by difference.  The method detection limits for Fe(II) and FeT are 

0.36 mol kg-1 and 0.16 mol kg-1, respectively (Haque et al., 2008). Dissolved S(-II) 

concentrations were determined using the Methylene Blue method, for which the 

method detection limit is estimated to be 0.16 mol kg-1 (Eaton et al., 1995). Dissolved 

oxygen concentrations were also estimated using the portable spectrophotometer on 

separate aliquots of each groundwater sample via both the High Range dissolved 

oxygen (method detection limit: 18.8 mol kg-1; Hach, 2004) and Indigo Carmine 

methods (method detection limit: 0.38 mol kg-1; Gilbert et al., 1982) for a range of 

dissolved oxygen values.  

Groundwater samples for determination of As and Sb were first collected into 

collapsible “trace cleaned” low density polyethylene cubitainers® from each of the wells 

and then immediately filtered through 0.45 m Gelman Sciences in-line groundwater 

filter capsules, by pumping the groundwater sample from the cubitainers® through pre-

cleaned Teflon tubing connected to the in-line filter capsule, and subsequently into in 

500 mL opaque, amber HDPE sample bottles. The amber sample bottles, which were 

used in order to prevent photocatalyzed oxidation of As(III) and Sb(III) (e.g., 

McCleskey et al., 2004), were first rinsed three times with the filtered groundwater 

sample in order to “condition” the bottle before filling the bottle with the groundwater 
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sample (Haque et al., 2008).  The sample was then acidified to pH < 2 with ultrapure 

HNO3 (Seastar Chemical, Baseline) to preserve the total dissolved metalloid 

concentrations (i.e., AsT, SbT) and prevent precipitation of Fe/Mn oxides/oxyhydroxides 

within the collected samples. A separate ~ 60 mL aliquot of the filtered groundwater 

was subsequently acidified to pH ~3.5 with ultra-pure HNO3 (Seastar Chemical, 

Baseline), and passed through an anion exchange column (i.e., Bio-Rad Poly-Prep 0.8x4 

cm chromatography columns) packed with Bio-Rad AG® 1x8, 50-100 mesh, anion 

exchange resin converted to the acetate form  (see Wilkie and Hering, 1998).  At a pH 

of ~3.5, As(V) is retained on the anion-exchange resin owing to the negative charge of 

the predominant anionic species, H2AsO4
-, whereas As(III), which occurs as the neutral 

species, H3AsO3
0  at this pH, passes through the column.  The eluted fractions 

containing As(III) were collected in pre-cleaned, amber HDPE bottles, and then 

acidified to pH < 2 with ultrapure HNO3. Sample aliquots for total As and Sb and 

As(III) and Sb(III) [i.e., Aquia aquifer only, see below] were subsequently placed 

within pre-cleaned poly bags, and then into a clean plastic ice chest for cold (i.e., ~ 4˚C) 

storage and transport back to the laboratory for analysis.  

3.3.2 Analytical techniques 

All groundwater samples collected were analyzed for As and Sb using 

inductively coupled plasma mass spectrometry (ICP-MS).  The Carrizo Sand aquifer 

and Upper Floridan aquifer samples were quantified using a Perkin Elmer/Sciex Elan 

6100 DRC ICP-MS at The University of Texas at Arlington.  This instrument contains a 

reaction cell, which allows for precise measurement at very low concentrations (low 
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nanomolal to high picomolal levels) in groundwaters where ArCl+ formed in the plasma 

stream can interfere with 75As detection using standard quadrupole instruments (Haque 

and Johannesson, 2006a).  The Aquia aquifer samples were quantified using a high 

resolution Finnigan MAT ELEMENT 2 (magnetic sector) ICP-MS at Tulane 

University.  The high resolution (HR) mode of the HR-ICP-MS allows 75As to be 

distinguished from possible ArCl+ interferences and the low resolution mode allows Sb 

to be detected.  Both ICP-MS instruments were calibrated using aqueous standard 

solutions, of the same acid concentrations as in the samples, prepared from stock 

solutions by subsequent dilution in the range of 0.01 – 100 ppb for each element (for 

details see Haque and Johannesson, 2006a, b; Haque et al., 2008).  The stock As and Sb 

solutions were prepared from both Perkin Elmer Pure Plus As standards and NIST 

traceable High Purity Standards (As and Sb: Charleston, SC). In addition, all standards 

and sample solutions were spiked with indium as an internal standard to correct for 

instrument drift.  The NIST Standard Reference Material (SRM) “Trace Elements in 

Water” No. 1643b and the National Research Council Canada (Ottawa, Ontario, 

Canada) SRM for trace elements in river water (SRLS-3) were included in our analyses 

as additional quality control checks. 

3.3.3 Geochemical modeling 

Geochemical modeling for groundwaters from the Carrizo Sand, Upper 

Floridan, and Aquia aquifers was conducted using the React program of the 

Geochemist’s Workbench® (release 7.0; Bethke, 2008) and the Lawrence Livermore 

National Laboratory thermodynamic database “thermo.com.v8.r6+” (Delany and 
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Lundeen, 1990). The database was modified by addition of dissolved antimony species 

and minerals using additional thermochemical data from Wagman et al. (1982), 

Brookins (1986), and Pitman et al. (1957).  The Eh-pH diagrams were calculated using 

the Act2 program of the Geochemist’s Workbench® (release 7.0; Bethke, 2008). 

3.4 Results 

Arsenic concentrations and speciation for groundwaters from the Carrizo Sand 

aquifer, Upper Floridan aquifer, and Aquia aquifer were previously published (Haque 

and Johannesson, 2006a, b; Haque et al., 2008), and are thus reproduced here in 

Appendices A – C. The new Sb concentration and speciation (Aquia aquifer only) data 

are presented here in 3.1. These Sb data are plotted along with the previously published 

As, Fe, and dissolved sulfide concentrations for the Carrizo Sand aquifer, Upper 

Floridan aquifer, and the Aquia aquifer as a function of distance along the studied flow 

paths in Figs. 2 – 4. The reader is again referred to our previously published reports on 

these three aquifers (i.e., Tang and Johannesson, 2005a, 2006; Haque and Johannesson, 

2006a, b; Basu et al., 2007; Haque et al., 2008) for more details of the studied flow 

paths.  

Within the Carrizo Sand aquifer, AsT concentrations range from 0.37 to 2.47 

nmol kg-1, and SbT concentrations range from 16 to 198 pmol kg-1, or roughly 2 to 154 

times lower than the measured AsT concentrations.  In addition, SbT concentrations 

show a general increase with flow down-gradient along the flow path as the 

groundwater becomes more sulfidic (Fig. 3.2).  Arsenic predominantly occurs as As(V) 

in Carrizo Sand groundwaters (Haque and Johannesson, 2006a; Fig. 3.2).  In the Upper 
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Floridan aquifer, AsT ranges from 0.72 to 18.6 nmol kg-1, whereas SbT concentrations 

range from 8.1 to 1462 pmol kg-1 (Table 3.1, Fig. 3.3). The AsT concentrations in the 

Upper Floridan aquifer are between a factor of 2 lower than the SbT concentrations, to 

as much as ~2300 times higher than SbT. In the Upper Floridan aquifer, As(V) 

predominates in groundwaters from near the recharge zone and with flow down-

gradient beyond 45 km, As(V) and As(III) exhibit similar, low concentrations (Fig. 3.3). 

For the Aquia aquifer, AsT concentrations range from 0.75 to 1072 nmol kg-1, and SbT 

concentrations range between 23 and 512 pmol kg-1 (Fig. 3.4). Hence, AsT 

concentrations are between a factor of ~1.5 to ~47,000 times higher than SbT in Aquia 

aquifer groundwaters.  Both metalloids occur predominantly in the reduced form as 

As(III) and Sb(III) in Aquia aquifer groundwaters (Fig. 3.4).  
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Table 3.1 Antimony concentrations (in pmol kg-1) in groundwater samples collected from the Carrizo 
Sand aquifer (Texas), Upper Floridan aquifer (Florida), and Aquia aquifer (Maryland). 

 
pH, temperature, and Eh values are from Haque and Johannesson (2006a), Haque and Johannesson 
(2006b), and Haque et al. (2008). 
*Eh values calculated using the SpecE8 program of Geochemist’s Workbench®  
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Figure 3.2 Redox sensitive parameters [i.e., Fe(II), Fe(III), S(-II); μmol kg-1], arsenic species [As(V), 

As(III); nmol kg-1], and total dissolved antimony (pmol kg-1) concentrations  in groundwaters collected 
along the flow path within the Carrizo Sand aquifer. See Haque and Johannesson (2006a) for details. 
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Upper Floridan Aquifer
m

o
l k

g
-1

0

20

40

60

80

100

120

Fe(III)
(Fe(II)
S(-II)

n
m

o
l 

k
g

-1

0

5

10

15

As(V)
As(III)

km

0 10 20 30

m
o

l 
kg

-1

0.0

0.5

1.0

1.5

2.0

2.5

Kilometers

0 20 40 60 80 100 120 140 160

p
m

o
l k

g
-1

0

200

400

600

800

1000

1200

1400

SbT

Flow Direction

"Redox Indicators"

Arsenic

Antimony

 
Figure 3.3 Redox sensitive parameters [i.e., Fe(II), Fe(III), S(-II); μmol kg-1], arsenic species [As(V), 

As(III); nmol kg-1], and total dissolved antimony (pmol kg-1) concentrations  in groundwaters collected 
along the flow path within the Upper Floridan aquifer. See Haque and Johannesson (2006b) for details. 
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Aquia Aquifer
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Figure 3.4 Redox sensitive parameters [i.e., Fe(II), Fe(III), S(-II); μmol kg-1], arsenic species [As(V), 
As(III); nmol kg-1], and antimony species [Sb(V), Sb(III); pmol kg-1] concentrations  in groundwaters 

collected along the flow path within the Aquia aquifer. See Haque et al. (2008) for details. 
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3.5 Discussion 

3.5.1 Correlation between As and Sb 

 Because As and Sb are members of Group VA within the periodic table, 

and exhibit the same valence states (i.e., trivalent and pentavalent), they are commonly 

expected to exhibit broadly similar geochemical behavior in the environment, including 

within groundwater flow systems.  Nevertheless, many investigators have reported 

differences in their geochemical behavior that appear to reflect their coordination with 

oxygen (e.g., As(V) tetrahedrally coordinated, whereas Sb(V) is octahedrally 

coordinated), redox potential, and solution pH (Crecelius et al., 1975; Brookins, 1986; 

Byrd, 1990; Filella et al., 2002a, b; Mitsunobu et al., 2006; Wilson et al., 2010).  The 

general trends in AsT and SbT concentrations in groundwaters collected along the flow 

paths in the Upper Floridan and Aquia aquifers are indeed broadly similar, although 

close examination reveals subtle differences in how As and Sb concentrations vary 

along the flow paths in both aquifer (Figs. 3.3, 3.4).  However, within the Carrizo Sand 

aquifer the trends in the AsT and SbT concentrations along the flow path are decoupled 

in that regions of the aquifer where AsT concentrations are high generally exhibit the 

lowest SbT concentrations, and vice versa (Fig. 3.2).  

The SbT concentrations for groundwater sampled from all three aquifers exhibit 

a weak (r = 0.32) correlation with the corresponding AsT concentrations (Fig. 3.5).  The 

correlation between SbT and AsT in groundwaters from all three aquifers is stronger for 

the log transformed concentrations (i.e., log AsT vs. log SbT, r = 0.67; Fig. 3.6; Haque 

and Johannesson, 2007).  The positive relation between SbT and AsT in these 
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groundwaters chiefly reflects the correspondence between the concentrations of these 

metalloids in the Aquia and Upper Floridan aquifer groundwaters (r = 0.76 and r = 0.78, 

respectively, both significant at > 99% confidence level; Haque and Johannesson, 

2007).  As suggested by the concentration trends along the flow path, SbT and AsT 

exhibit a moderate, inverse correlation within the Carrizo Sand aquifer groundwaters (r 

= -0.57; significant at > 90% confidence level).  Closer examination of the Sb and As 

data from Aquia aquifer groundwaters, for which we have speciation data for both 

metalloids, reveals that the positive correlation between the SbT and AsT is driven by the 

correlation between Sb(III) and As(III) in these groundwaters (r = 0.72, significant at > 

95% confidence level; Fig. 3.7).  The correlation coefficient for the oxidized species of 

these metalloids in Aquia aquifer groundwaters suggests a weak, positive relationship 

between Sb(V) and As(V) (r = 0.4), however, this relationship is not statistically 

significant. 

Although the Sb and As data for groundwaters from the Upper Floridan and 

Aquia aquifer indicate general similarities in the geochemical behavior of these 

metalloids in groundwater flow systems, the subtle differences in chemical behavior 

suggested by the moderate to weak correlation coefficients between Sb and As species 

in these groundwater and the inverse relationship reported between these metalloids in 

the Carrizo Sand aquifer groundwaters, indicates that As and Sb do not behave 

identically in groundwater systems.  There are a number of possible explanations for 

these differences. 
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For example, in a recent study of As and Sb in mine tailing soil samples and, in 

particular, laboratory soil-water batch experiments, Mitsunobu et al. (2006) found that 

Sb chiefly occurred in solution as Sb(V), whereas both As(V) and As(III) coexisted for 

Eh values ranging from 0.36 to -0.14 volts at pH 8.  Based on their data they argued that 

Sb(V) is stable over a wide range of redox potentials (i.e., Eh), and further concluded 

that Sb must be reduced to Sb(III) at a lower redox potential than the reduction of As(V) 

to As(III).  However, equilibrium thermodynamics predicts the opposite, namely that 

As(V) is reduced at a lower Eh than Sb.  Specifically, considering the reduction of 

Sb(V) to Sb(III) at pH 7 via the following half-reaction 

Sb(OH)6
- + 3H+ + 2e- ↔ Sb(OH)3

0 + 3H2O, 

and using thermodynamic data from Wagman et al. (1982), Brookins (1986), and 

Pitman et al. (1957), indicates that at equilibrium, Sb(V) is reduced to Sb(III) at an Eh 

of 0.26 volts.  For the corresponding reduction of As(V) to As(III) at pH 7 via the 

equation 

HAsO4
2- + 4H+ + 2e- ↔ H3AsO3

0+ H2O, 

the equilbrium Eh is computed to be 0.013 volts.  Therefore, at a given pH As reduction 

should occur at a lower Eh than Sb reduction.  The results of our geochemical modeling 

discussed below further support the lower Eh of arsenate reduction compared to 

antimonate.  Instead, in addition to molecular structure (i.e., coordination; Wilson et al., 

2010) and pH, differences in redox kinetics, biogeochemistry, and possibly even 

elemental abundances (e.g., As is ~6.5-fold higher than Sb in the Earth’s crust; Taylor 
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and McLennan, 1985; Wedepohl, 1995) probably exert substantial controls on As and 

Sb species concentrations in groundwater flow systems. 
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Figure 3.5 Scatter plot of total As vs. Sb in groundwaters from the Carrizo Sand, Upper Floridan, and 
Aquia aquifers showing the correlation coefficient along with the 99% confidence level of the correlation. 
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Figure 3.6 Scatter plot of total As vs. Sb in groundwaters from the Carrizo Sand, Upper Floridan, and 
Aquia aquifers showing the correlation coefficient for the log transformed data along with the 99% 

confidence level of the correlation. 
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Figure 3.7 Scatter plots for (a) AsT vs. SbT, (b) As(III) vs. Sb(III), and (c) As(V) vs. Sb(V) for Aquia 
aquifer groundwaters. Correlation coefficients, r, are also plotted for linear regression curves along with 

the corresponding 95% confidence levels. 
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3.5.2 Hydrogeochemical controls on As and Sb concentrations – Carrizo Sand aquifer  

Within the Carrizo Sand aquifer As and Sb concentrations exhibit systematic 

changes along the flow path that correspond to changes in dissolved Fe(II) and Fe(III) 

concentrations, dissolved S(-II) concentrations, and pH (Fig. 3.2).  Previously we 

demonstrated that the release of both As(V) and As(III) to Carrizo Sand aquifer 

groundwaters at ~10 km down-gradient along the flow path corresponds to the region of 

the aquifer where Fe(III) reduction appears to buffer redox conditions (Haque and 

Johannesson, 2006a). Our observations are consistent with a number of other 

investigations that suggest that reductive dissolution of Fe(III) oxides/oxyhydroxides 

and subsequent release of sorbed/co-precipitated As to anaerobic groundwaters is an 

important mechanism by which As is mobilized in the environment (e.g., Nickson et al., 

1998, 2000; McArthur et al., 2001; Dowling et al., 2002; Harvey et al., 2002; van Geen 

et al., 2004; Zheng et al., 2004; Polizzotto et al., 2005).  With flow beyond ~12 km 

along the studied flow path, Fe(II) and As(V) concentrations in Carrizo groundwaters 

decrease. The decrease in Fe(II) and As(V) is consistent with readsorption of both 

aqueous species to the abundant Fe(III) oxides in the aquifer substrate, as well as the 

probable precipitation of siderite, FeCO3(c), in the aquifer. Equilibrium calculations 

using PHREEQE indicate that Carrizo Sand aquifer groundwaters are generally 

saturated with respect to siderite (Basu et al., 2007).  Iron and As are also likely 

removed from the groundwater in the lower reaches of the studied flow path via 

precipitation of sulfide minerals as sulfate reductions becomes progressively more 

important with flow down gradient (Haque and Johannesson, 2006a; Basu et al., 2007).  
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The increase in As(V) [and As(III)] concentrations in the two groundwater 

samples from near the end of the studied flow path (i.e., SMA 74R-1, AC74R-2) could 

reflect pH related desorption of, for example, the HAsO4
2- species, in these high pH 

groundwaters (pH > 8.3), followed by slow reductive conversion of As(V) to As(III) 

(Haque and Johannesson, 2006a).  Alternatively, owing to the sulfidic nature of these 

groundwaters (Fig. 3.2), it is also possible that the increase in As(V) concentrations in 

the down-gradient region of the studied flow path actually reflects formation of 

thioarsenic species (Wilkins et al., 2003; Haque and Johannesson, 2006a).  More 

specifically, the negatively charged thioarsenite species likely to predominate in these 

sulfidic waters (e.g., AsS2
- or HAsS3O

2-; Jay et al., 2004; Helz and Tossel, 2008) would 

not pass through the anion-exchange column, thus leading to overestimates of the As(V) 

concentrations in these groundwaters, which were determined by difference (Haque et 

al., 2006a). However, geochemical modeling using the React program of the 

Geochemist’s Workbench® (release 7.0; Bethke, 2008) suggests that As concentrations 

in Carrizo Sand aquifer groundwaters are insufficient for the formation of substantial 

amounts of dissolved thioarsenic species (Fig. 3.8).  

Antimony concentrations in groundwaters from the Carrizo Sand aquifer 

increase with flow down-gradient along the flow path, with an especially dramatic 

increase in the region of the aquifer where sulfate reduction appears to be the 

predominant redox buffering reaction (Fig. 3.2; Tang and Johannesson, 2006; Haque 

and Johannesson, 2006a). The slight increase in Sb concentrations in Carrizo 

groundwaters in the region of the aquifer where Fe(III) reduction predominates suggests 
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that reductive dissolution of Fe(III) oxide/oxyhydroxides also releases sorbed and/or co-

precipitated Sb to Carrizo groundwaters.  However, the large increase in Sb 

concentrations in the region of the aquifer where sulfate reduction predominates is 

somewhat perplexing.  It is possible that the large increase in Sb concentrations in 

groundwaters from the down-gradient regions of the Carrizo Sand aquifer may, in part, 

also reflect pH related desorption of Sb(V) as groundwater pH increases above 8 (e.g., 

Leuz et al., 2006; Martínez-Lladó et al., 2008). 

Although we did not quantify Sb speciation in Carrizo Sand aquifer 

groundwaters, measured Eh values suggest that Sb(III) should predominate, occurring 

as the Sb(OH)3
0 species (Fig. 3.8).  However, the increase in dissolved S(-II) in these 

groundwaters also points towards the possibility that thioantimony species could be 

important in these groundwaters.  A recent study suggests, for example, that for natural 

waters with pH ≥ 6, thioantimony species (e.g,. SbVS4
3-, SbIIIS2

-) will predominate when 

S(-II) ≥ 1 μmol kg-1 and Sb ≥ 1 nmol kg-1 (Filella and May, 2003).  The highest Sb 

concentration measured in Carrizo groundwaters is only ~ 0.2 nmol kg-1, whereas the 

dissolved S(-II) concentration ranges between 2.6 and 20 μmol kg-1 in the down-

gradient, sulfidic groundwaters (Fig. 3.2).  Therefore, owing to the high S(-II) 

concentrations of these groundwater, it is reasonable to expect that a portion of the Sb in 

Carrizo Sand groundwaters occurs as thioantimony species.  This is supported by our 

geochemical modeling that predicts the predominance of the thioantimonite species 

HSb2S4
- in sulfidic groundwaters from the lower reaches of the studied flow path within 

the Carrizo Sand aquifer (Fig. 3.8). Furthermore, whereas the presence SbVS4
3- in 
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sulfidic groundwaters may seem counterintuitive, previous studies have shown that 

Sb(V) species can coexist with dissolved S(-II) in natural waters (Bertine and Lee, 

1983; Cutter, 1991; Filella and May, 2003).  

Although the increase in Sb concentration in Carrizo Sand groundwater cannot 

be unequivocally ascribed to formation of thioantimony species, it is important to note 

that these anionic species would exhibit low affinities for surface adsorption in these 

high pH groundwaters, suggesting that thioantimony species would be relatively mobile 

in the high pH groundwaters of the Carrizo Sand aquifer.  The increase in Sb 

concentrations in sulfidic groundwaters of the Carrizo Sand aquifer is thus consistent 

with greater mobility of negatively charged, thioantimony species in these waters.  We 

note that our geochemical modeling indicates that Sb removal by precipitation of 

stibnite, Sb2S3(c), is unlikely in Carrizo Sand aquifer groundwaters (Fig. 3.8), although 

Sb removal by adsorption onto precipitating sulfide minerals cannot be ruled out. 

Others have shown, for example, that As can be absorbed by metal sulfides (Bostick 

and Fendorf, 2003; Bostick et al., 2003).  Hence, the decrease in Sb concentrations in 

groundwater from well SMA 74R-1 at the end of the studied flow path may indicate Sb 

removal with precipitating sulfide minerals.  
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Figure 3.8 Eh vs. pH plots speciation of As and Sb in Carrizo Sand aquifer groundwaters calculated for 
[As]T = 10-8.79 moles kg-1, [Sb]T = 10-10.2 moles kg-1, [HCO3

-] = 10-2.52 moles kg-1, [SO4
2-] = 10-3.31 moles 

kg-1, and [Fe]T = 10-4.89 moles kg-1. These values represent the mean values for all of the groundwaters 
collected along the studied flow path. Realgar, orpiment, scorodite, and arsenopyrite were suppressed in 

the calculations to illustrate only the aqueous speciation of As. Brown circles show where the 
groundwaters plot based on their field measured Eh values, whereas the gold circles reflect the Eh 

computed using the React program of the Geochemist’s Workbench® (release 7.0; Bethke, 2008) using 
the geochemical data listed in Appendix A. 
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3.5.3 Hydrogeochemical controls on As and Sb concentrations – Upper Floridan  
aquifer 

Within the Upper Floridan aquifer, total dissolved As and Sb concentrations 

show similar trends with flow down-gradient along the flow path (Fig. 3.3).  Both 

exhibit relatively high concentrations in the recharge area (i.e., well ROMP 76A; 0 km) 

near Polk City, and subsequently decreases to substantially lower concentrations with 

flow beyond the ROMP 59 well located roughly 32 km down-gradient along the flow 

path. Arsenic and Sb concentrations thereafter remain low for the remainder of the flow 

path (Fig. 3.3). For the well at Polk City (ROMP 76A), As(V) is the predominant form 

of As in Upper Floridan groundwaters (Fig. 3.3). Similar to the Carrizo Sand aquifer, 

we did not collect samples to measure Sb speciation in Upper Floridan aquifer 

groundwaters.  The subsequent decrease in As(V), and SbT, concentrations with flow 

beyond the ROMP 76A well corresponds to a slight decrease in pH (from 7.93 to 7.82; 

Appendix B), suggesting that HAsO4
2-, and possibly Sb(OH)6

-, are being adsorbed to 

aquifer mineral surface sites in these relatively more oxic groundwaters (Haque and 

Johannesson, 2006b).  The pH of ROMP 76A groundwater is close to the point of zero 

charge (PZC) of Fe(III) oxides/oxyhydroxides (PZC ~ 8; Dzombak and Morel, 1990; 

Appelo et al., 2002) and CaCO3 (PZC ~ 8 – 9.5; Somasundaran and Agar, 1967).  

Therefore, as the pH of Upper Floridan aquifer groundwater decreases with flow from 

ROMP 76A to ROMP 59 (32 km; pH 7.82), the surface charge or Fe(III) 

oxides/oxyhydroxides and CaCO3 should become progressively more positive, thus 

facilitating adsorption of dissociated As(V) and Sb(V) species (Somasundaran and 
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Agar, 1967; Harmon et al., 2004; Haque and Johannesson, 2006b; Leuz et al., 2006; 

Martínez-Lladó et al., 2008).   

In addition to the decrease in overall As concentrations (i.e, AsT; Appendix B), 

the speciation of As switches from As(V) to predominantly As(III) as groundwater 

flows from ROMP 76A towards ROMP 59 (Fig. 3.3). The chief form of iron in these 

groundwaters also changes from Fe(III) [i.e., presumably colloidal] to Fe(II), indicating 

that ferric iron reduction apparently buffers the redox conditions of the Upper Floridan 

aquifer along this 32 km portion of the flow path (Haque and Johannesson, 2006b).  

Thus, the change in As speciation between the ROMP 76A and ROMP 59 wells is 

consistent with As(V) release via reductive dissolution of Fe(III) oxides/oxyhydroxides, 

followed by reduction of As(V) to As(III) (Oremland and Stolz, 2005; Haque and 

Johannesson, 2006b). It is also possible that sorbed or co-precipitated As(III) is being 

released to Upper Floridan aquifer groundwaters during reductive dissolution of Fe(III) 

oxides/oxyhydroxides (Cummings et al., 1999; Dixit and Hering, 2003; Islam et al., 

2004; Oremland and Stolz, 2005).  However, the large decrease in Sb concentration in 

Upper Floridan groundwaters with flow from ROMP 76A to ROMP 59 suggests that 

reductive dissolution of Fe(III) oxides/oxyhydroxides in this portion of the aquifer is not 

releasing substantial amounts of sorbed or co-precipitated Sb to the groundwaters.  

Without Sb speciation data, it is impossible to evaluate whether Sb(V) is being reduced 

to Sb(III) along this portion of the flow path.  Nevertheless, SbT concentrations drop by 

a factor of 58 with flow between the ROMP 76A and ROMP 45 wells, whereas the AsT 

only decrease by a factor of 10, indicating that whatever form Sb occurs as in these 
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groundwaters, it is strongly removed from solution between ROMP 76A and 59 (Fig. 

3.3; Appendix B). 

With flow down-gradient beyond ~32 km (i.e., beyond the ROMP 59 well), As 

concentration decrease dramatically and remain low (i.e., mean [± SD] As = 1.38 ± 0.66 

nmol kg-1) for the remainder of the flow path (Fig. 3.3).  Antimony concentrations also 

drop, albeit slightly, with flow from ROMP 59 to ROMP 45 (46.3 km), and remain low 

for the remainder of the studied flow path (mean  SD for Sb = 18 ± 13.2 pmol/kg). In 

addition, Fe(II) concentrations decrease to levels near or below the method detection 

limit (0.36 μmol kg-1) in groundwaters collected down-gradient of the ROMP 59 well.  

Except for groundwater from ROMP 59, which is close to saturation with respect to 

siderite (log SIsiderite = -0.5, where SI = saturation index), all of the other groundwaters 

sampled from the Upper Floridan aquifer are undersaturated with respect to siderite (-

2.5 = log SIsiderite = -1.0), indicating that Fe(II) removal from these groundwaters does 

not occur by siderite precipitation (Basu et al., 2007).  The increase in dissolved S(-II) 

and corresponding decrease in Fe(II) concentrations with flow down-gradient beyond 

ROMP 59 is consistent with a change from Fe(III) reduction to sulfate reduction as the 

chief redox buffering reaction in the down-gradient regions of the flow path.  Because 

siderite precipitation is not energetically favorable in Upper Floridan aquifer 

groundwaters, the subsequent decrease in Fe(II) likely reflects either readsorption of 

Fe(II) to aquifer mineral surface sites and/or precipitation of Fe(II) sulfide (e.g., pyrite) 

in these sulfidic waters.   
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Except for the groundwaters from near the recharge zone (i.e., wells ROMP 76A 

and ROMP 59), Eh values measured during sample collection are consistent with As 

chiefly occurring in Upper Floridan aquifer groundwaters as arsenite (Fig. 3.9a).  

However, geochemical modeling predicts that the majority of Upper Floridan aquifer 

groundwaters are at equilibrium with respect to an arsenic sulfide mineral such as 

reaglar or orpiment (Fig. 3.9a), suggesting that precipitation of As sulfides may limit the 

concentration of As in Upper Floridan aquifer groundwaters.  These observations are 

broadly consistent with a recent investigation of the affects of dissolved S and Fe on 

aqueous As concentration in groundwaters as redox conditions change (O’Day et al., 

2004).  Specifically, using x-ray adsorption spectroscopy, these authors found that 

realgar (i.e., AsS) was the chief As-containing mineral in aquifer sediments under SO4 

reducing conditions where SO4 concentrations ranged between 1 and 3 mmol kg-1 

(O’Day et al., 2004).  Moreover, our model calculations and the study by O’Day et al. 

(2004) are in agreement with a number of other investigations that indicate As removal 

from groundwaters undergoing SO4 reduction by precipitating sulfide minerals (e.g., 

Moore et al., 1988; Rittle et al., 1995; McCreadie et al., 2000; Inskeep et al., 2002; Kirk 

et al., 2004). 

With regards to Sb in Upper Floridan aquifer groundwaters, equilibrium 

thermodynamics would predict that Sb(III) in the form of the neutrally charged 

Sb(OH)3
0 species is the dominant form of Sb in these groundwaters (Fig. 3.9b).  Indeed, 

only groundwater from well ROMP 76A in the recharge zone has sufficiently elevated 

Eh for the possible predominance of the oxidized form of Sb(V) in solution, occurring 
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as the Sb(OH)6
- species (Fig. 3.9b).  Geochemical modeling of Upper Floridan aquifer 

groundwater using the React program of the Geochemist’s Workbench® indicates that 

the Sb(III) oxyanion reacts with dissolved S(-II) in these highly sulfidic groundwaters 

forming aqueous, thioantimonite species such HSb2S4
- (Fig. 3.9b).  As the groundwater 

pH decreases with flow down-gradient along the flow path (from pH 7.9 at the ROMP 

76 well in Polk City to pH ~ 7 at ROMP 5-2 and 5-1 in Venice, Florida; Haque and 

Johannesson, 2006b), the HSb2S4
- species would be expected to sorb to mineral surface 

sites owing to the increasing positive charge of mineral surfaces.  
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Figure 3.9 Eh vs. pH plots speciation of As and Sb in Upper Floridan aquifer groundwaters calculated for 
[As]T = 10-8.34 moles kg-1, [Sb]T = 10-9.76 moles kg-1, [HCO3

-] = 10-2.57 moles kg-1, [SO4
2-] = 10-2.26 moles 

kg-1, and [Fe]T = 10-5.94 moles kg-1. Again, these values represent the mean values for all of the Upper 
Floridan aquifer groundwaters. Orpiment, scorodite, and arsenopyrite were suppressed in the calculations 
but realgar was included in the calculations because preliminary model runs indicated saturation with As 

sulfides. Dark blue circles represent the measured Eh values, whereas the light blue circles are the Eh 
value calculated with the Geochemist’s Workbench® using the geochemical data listed in Appendix B. 
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3.5.4 Hydrogeochemical controls on As and Sb concentrations – Aquia aquifer 

Groundwater from the Aquia aquifer differs from both the Carrizo Sand and 

Upper Floridan aquifers in that Aquia aquifer groundwaters are not sulfidic anywhere 

along the studied flow path (Haque et al., 2008).  Specifically, dissolved S(-II) 

concentrations are close to or below the method detection limit (i.e., 0.16 μmol kg-1) 

along the entire flow path (Fig. 3.4).  The data are instead consistent with ferric iron 

reduction being the chief redox buffering reaction within the Aquia aquifer (Fig. 3.4). 

Consequently, following the classification scheme of Berner (1981), Aquia aquifer 

groundwaters are suboxic and never reach anoxic/sulfidic conditions (see also Anderson 

et al., 1994).  Nevertheless, dissolved oxygen concentrations and Eh values generally 

decrease with flow down-gradient indicating that groundwaters become more reducing 

along the flow path, but not sulfidic (Haque et al., 2008; Appendix C). 

Arsenic concentrations are relatively low near the recharge zone (i.e., first 36 

km of the flow path), and increase to high concentrations along the mid-reaches (36 – 

71 km) of the studied flow path, exceeding the US EPA MCL by as much as 8 times 

(well QA 94 0111, 52.5 km; Fig. 3.4; Haque et al., 2008).  The more toxic As(III) 

species is the predominant species in all of the Aquia groundwater samples analyzed 

(Haque et al., 2008).  With flow beyond ~71 km, As concentrations in Aquia 

groundwaters decrease and remain relatively low for the remainder of the studied flow 

path.  Despite the substantially lower concentrations, Sb shows remarkably similar 

distribution along the flow path as As, with low concentrations in the recharge area, 

followed by elevated concentrations along the mid-reaches of the flow path, and 
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generally lower concentrations in groundwater from further down-gradient (Fig. 3.4).  

Furthermore, Sb(III) is the predominant form of Sb in Aquia aquifer groundwaters. 

The observed changes in As and Sb concentrations along the Aquia flow path 

are generally consistent with control by pH and the changing redox conditions (Haque 

et al., 2008).  Specifically, the elevated As and Sb concentrations along the mid-reaches 

of the studied flow path (e.g., ~ 52 km; Fig. 3.4) corresponds to the region in the aquifer 

where Fe speciation changes from presumably colloidal Fe(III) to soluble Fe(II).  Thus, 

the data suggest that reductive dissolution of Fe(III) oxides/oxyhydroxides is the chief 

mechanism by which As, and Sb, are mobilized from Aquia aquifer sediments to the 

groundwater (Haque et al., 2008).  Recent microcosm experiments further supports that 

As is chiefly mobilized from Aquia aquifer sediments by microbial reduction of Fe(III) 

oxides/oxyhydroxides in the aquifer sediments (Pearcy et al., 2010).  Furthermore, 

sequential extraction of the Aquia aquifer sediments reveals that As is principally 

associated with amorphous and crystalline Fe(III) oxides/oxyhydroxides in these 

sediments, which requires their dissolution before As can be mobilized (Haque et al., 

2008).  Presumably, Sb is also associated with the same oxides/oxyhydroxides in the 

aquifer sediments, requiring their dissolution before Sb is mobilized to the 

groundwaters. 

Geochemical modeling using the React program of the Geochemist’s 

Workbench® (release 7.0) and the data in Appendix C predicts that As (III) should 

predominate in the majority of the Aquia aquifer groundwater samples analyzed (Fig. 

3.10a).  Those groundwater samples for which the model predicts substantially higher 
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Eh values on Fig. 3.10 actually represents the redox potential for the NO3
-/NH4

+ redox 

couple because the groundwater samples had below detection Fe(II), Fe(III), and/or S(-

II) concentrations (Appendix C).  Hence, estimating the redox conditions of these 

groundwaters by computing the Eh of the Fe3+/Fe2+ and SO4
2-/S2- couples based on the 

activities of these species was not possible.  The measured Eh values fall close to the 

predicted redox boundary between As(V) and As(III) on Fig. 3.10, which is not 

consistent with our measured As speciation in Aquia aquifer groundwaters.  The fact 

that the measured Eh values plot within the As(V) stability field on Fig. 3.10a and not 

the As(III) stability field is further evidence that Eh values determined with platinum 

electrodes are qualitative measures, at best, of the redox state of a natural water (e.g. 

Whitfield, 1974; Lindberg and Runnells, 1984; Stefánsson et al., 2005). 

In the case of Sb both the measured Eh values and those computed with the 

Geochemist’s Workbench® using the activities of Fe(II), Fe(III), SO4
2-, and S(-II) in 

Aquia aquifer groundwaters predicts that Sb(III) predominates (Fig. 3.10b).  These 

results are consistent with our Sb speciation measurements, which indicate that Sb(III) 

is the chief form of Sb in solution in Aquia aquifer groundwaters (Fig. 3.4).  Unlike 

groundwaters from the Carrizo Sand aquifer and the Upper Floridan aquifer, the 

geochemical modeling does not predict the formation of thioantimony species in Aquia 

arsenic groundwaters (Fig. 3.10b).  Again, this reflects the fact that SO4 reduction, and 

hence S(-II) production, is apparently not significant in the Aquia aquifer as S(-II) 

concentrations are at or below detection along the majority of the flow path (Haque et 

al., 2008).  
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Figure 3.10 Eh vs. pH plots speciation of As and Sb in Aquia aquifer groundwaters calculated for [As]T = 
10-6.52 moles kg-1, [Sb]T = 10-9.70 moles kg-1, [HCO3

-] = 10-2.48 moles kg-1, [SO4
2-] = 10-4.22 moles kg-1, and 

[Fe]T = 10-4.96 moles kg-1, which are again the mean values for the studied Aquia aquifer groundwaters. 
Realgar, orpiment, scorodite, and arsenopyrite were suppressed in the calculations. Dark green circles 
represent the measured Eh values, whereas the light green circles are the Eh value calculated with the 

Geochemist’s Workbench® using the geochemical data listed in Appendix C. 
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3.6 Conclusion 

 Arsenic and antimony concentrations exhibit systematic changes along all three 

studied flow paths in the Carrizo Sand, Upper Floridan, and Aquia aquifers 

corresponding to changes in dissolved Fe(II) and Fe(III) concentrations, dissolved S(-II) 

concentrations, and pH.  For the Carrizo Sand and the Upper Floridan aquifers, our data 

and the geochemical model both predict the formation of thioantimonite species (i.e., 

HSb2S4
-) due to the sulfidic nature of the each of these groundwaters.  The measured 

arsenic concentrations for the Carrizo Sand aquifer, which show an increase in the 

As(V) concentrations at the end of the studied flow path indicating a possible formation 

of thioarsenic species, are not supported by model calculations.  On the other hand, our 

data and the geochemical model both predict the groundwaters of the Upper Floridan 

aquifer to be at equilibrium with respect to arsenic sulfide minerals such as reaglar or 

orpiment.  The non-sulfidic groundwaters of the Aquia aquifer differ from the previous 

two aquifers.  Our speciation data indicate the majority of As in these groundwaters 

should occur as As(III), whereas the geochemical model predicts As(V) to be the 

predominate form. On the contrary, our speciation data and the model both agree that 

Sb(III) should be the prevailing form of Sb in these groundwaters.  The behavior of As 

and Sb in the groundwaters of all three aquifers indicate a statistical relationship.  Our 

data suggests that the best correlation between As and Sb occurs in the Aquia aquifer.  

These results provide important insight into the relationship between As and Sb in a 

variety of aquifer settings. 
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CHAPTER 4 

ADSORPTION OF ARSENIC ONTO SEDIMENTS OF THE CARRIZO SAND 

AQUIFER, TEXAS, USA, AND THE AQUIA AQUIFER, MARYLAND, USA 

4.1 Introduction 

Arsenic (As) is considered to be a priority pollutant by the Environmental 

Protection Agency of the United States (USEPA, 1979) and the European Union 

(Council of the European Communities, 1976).  The US EPA maximum contaminant 

level (MCL) for drinking waters has been set at 10 ppb (133 nmol/kg).  The World 

Health Organization and the European Union have also set maximum admissible 

concentrations for As of 10 ppb (Council of the European Union, 1998).  As is one of 

the most toxic naturally occurring carcinogens found in the environment (Smith et al., 

1992; NRC, 1999, 2001; Nriagu, 2002).  In groundwater flow systems, inorganic As 

occurs primarily in two oxidation states, arsenate [As(V)] and arsenite [As(III)] 

(Mariner et al., 1996; Ferguson and Gavis 1972), and As(III) is estimated to be between 

~10 to 60 times more toxic than As(V).  A thorough understanding of the geochemical 

interactions of As within the environment is required to prevent As pollution and to 

predict the risk of As in groundwater flow systems.  Knowledge of the sources of As, 

the mechanisms controlling its release and mobility, as well as its natural attenuation 

processes are crucial to minimize the occurrence of As in groundwater flow systems, to 
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access the risk of As contamination, and to design and implement remediation and 

treatment plans for aquifers with high As groundwaters (Cheng et al., 2009). 

Speciation of As controls its mobility as well as its toxicity in the environment 

including groundwater flow systems (Amirbaham et al., 2006).  Arsenic is mobilized 

through a combination of natural processes such as weathering reactions, biological 

activity, and volcanic emissions as well as through a range of anthropogenic activities 

(Smedley and Kinniburgh 2002).  There are about 245 As-bearing minerals in nature, 

which release As when subject to weathering (NRC, 1997).  Most environmental As 

occurs as a result of mobilization under natural conditions.  Thermodynamics predicts 

that the As(V) species, arsenic acid (i.e. H2AsO4
- and HAsO4

2-), predominates in 

oxidizing environments at a pH between 6 and 9 and the As(III) species, arsenious acid 

(i.e. H3AsO3), is more thermodynamically stable in reducing conditions at a pH below 9 

(Banerjee et al., 2008). 

Adsorption is known to be an important mechanism by which As is removed 

from groundwaters onto oxidized sediments containing Fe (III) oxides (Pierce and 

Moore, 1980; Wilkie and Hering, 1996; Roberts et al., 2004).  Adsorption efficiency 

depends on several factors, including pH, the concentration and oxidation state of As, 

the concentrations of other solutes competing with As for adsorption sites, and the 

adsorption capacity of the sediment (Stollenwerk et al., 2007).  One general trend in 

adsorption efficiency is that as the pH of the groundwater increases, the ability for 

arsenate to desorb from aquifer surface sites increases (e.g., Smedley and Kinniburgh 

2002).   
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 In this study, we conduct batch reactor experiments to examine the adsorption of 

As(III) and As(V)  by aquifer sediments from two different locations, the Carrizo Sand 

aquifer located in southeastern Texas and the Aquia aquifer located in coastal 

Maryland.   

4.2 Study Areas 

4.2.1 Carrizo Sand aquifer 

The study site within the Carrizo Sand aquifer is located in southeastern Texas 

(Figure 4.1; Haque and Johannesson 2006a).  The aquifer, which consists of Eocene 

sands, is a confined aquifer that crops out nearly parallel to the Gulf Coast.  Rainfall 

recharges the Carrizo Sand at the outcrop and the aquifer dips southeast towards the 

Gulf of Mexico at a rate of 100 to 130 feet per mile (Pearson and White, 1967; Castro et 

al., 2000; Castro and Goblet, 2003).  The composition of the aquifer is mostly fine- to 

medium-grained quartz sand with minor amounts of clay, lignite, calcite, and pyrite 

(Pearson and White, 1967).    Basu et al. (2007) showed that goethite and hematite 

occur as coatings along with fine-grained kaolinite and illite grains on the Carrizo Sand 

particles.  From the outcrop in Atascosa County to the south into McMullen County, the 

thickness of the Carrizo Sand aquifer increases along the flow path, varying from 100 to 

360m (Castro et al., 2000).  The porosity of the aquifer is estimated to range from ~30 

to 40% (Pearson and White, 1967).  Using 14C measurements, Pearson and White 

(1967) estimated that the age of the groundwater increases from ~5,000 years near the 

outcrop area in northern Atascosa County to ~30,000 years in southern McMullen 
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County.  In this study, sediment samples were collected from where the aquifer 

outcrops in Atascosa County (see Haque and Johannesson, 2006a; Basu et al., 2007). 

4.2.2 Aquia aquifer 

The Aquia aquifer, located in Maryland, is a Coastal Plain aquifer.  The aquifer, 

a Paleocene marine deposit, is confined from above by the Paleocene-Eocene Marlboro 

clay, and from below by the Crataceous Severn Formation (i.e., silt and clay; Chapelle, 

1983).  The Aquia outcrops between Washington D.C. and Annapolis, Maryland, and 

dips southeast towards the ocean (Aeschbach-Hertig et al., 2002).  The groundwater 

flow patterns within the Aquia are dominated by potentiometric highs that occur in and 

near the outcrop are where the aquifer is recharged (Chapelle and Knobel, 1983).  The 

composition of the aquifer is dominated by fine- to medium-grained quartz sand (50 to 

75%), glauconite (20 to 40%), and carbonate shell debris (1 to 5%), and ranges from 

30.5 to 45.7 meters thick (Aeschbach-Hertig et al., 2002; Chapelle, 1983; Chapelle and 

Knobel, 1983).  In a previous study on the Aquia by Haque et al. (2008), 

photomicrographs of Aquia aquifer sediments showed the abundance of quartz, 

glauconite, and Fe(III) oxide/oxyhydroxides in the sediments.  In this study, sediment 

samples were collected from a freshly drilled well core. 
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Figure 4.1 Location of the two studies areas (Carrizo Sand aquifer, Texas and Aquia aquifer, Maryland) 
within the United States of America. 

 

4.3 Materials and Methods 

4.3.1 Materials 

All chemicals were of analytical grade.  Sodium meta-arsenite (NaAsO2, 98.5%) 

was obtained from J.T. Baker and sodium hydrogen arsenate heptahydrate 

(Na2HAsO4*7H2O, 98%) was obtained from Alfa Aesar.  Sodium chloride (NaCl) was 

obtained from Fisher Scientific and oxalic acid dehydrate (C2H2O4*2H2O, 99%) was 

obtained from Sigma-Aldrich. 

A 3000 g L-1 stock solution of As(V) was prepared by dissolving 12.4939 mg 

Na2HAsO4*7H2O in 0.01 M NaCl.  Additionally, a 1500 g L-1 stock solution of As 
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(III) was prepared by dissolving 2.4408 mg of NaAsO2 in 0.01 M NaCl.  All solutions 

contained 0.01 M NaCl as a background electrolyte to spproximate the ionic strengths 

of the groundwaters from each aquifer.  The arsenic stock solutions were stored in pre-

cleaned (acid-washed; Johannesson et al., 2004) high density polyethylene bottles 

(HDPE), with the As(III) solution being stored in an amber HDPE bottle to prevent 

oxidation to As(V).  The pH values for all experiments were 7.5 ± 0.1, except as noted 

below.  The pH values were adjusted using 0.1 M NaOH or HCl and monitored 

throughout the experiments to correct for any possible pH drift. 

4.3.2 Laboratory Experiments 

All batch reactor experiments described below were conducted using a solid to 

solution ration of 0.5 g dry sediment to 20 mL of solution in 50 mL precleaned 

(Johannesson et al., 2004) polypropylene centrifuge tubes.  The solutions were mixed 

continuously on a shaker (VWR Mini Shaker) for the equilibrium reaction time, of 4 

days as determined by kinetic experiments.  The solutions were then separated from the 

sediment by centrifugation (Labofuge 400, Heraeus Instruments) at 15,000 rpm for 15 

minutes followed by filtration using 0.45 m polyethersulfone membrane filters 

(Whatman Puradisc).   

A series of As(V) kinetics experiments were performed to determine the amount 

of time required for As(V) adsorption to equilibrate with the aquifer sediments.    

Adsorption times of As(V) were measured using an initial As(V)concentration of 800 

μg/L and reaction times ranging from 0.08 to 6 days.  Experiments were conducted in 

contact with air at room temperature (23 ± 2°C). 
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Following the kinetic experiments, As(III) and As(V) were studied in separate 

batch reactors for both the Carrizo Sand and Aquia aquifer sediments.  The objective 

was to establish adsorption isotherms for As(III) and As(V) onto bulk Carrizo Sand and 

Aquia aquifer sediments.  Arsenite concentrations in the experimental solutions range 

from 50 to 1500 g/L and As(V) concentrations range from 50 to 3000 g/L.  The 

As(III) experiments were conducted in a glove box (Labconco Protector Glove Box) in 

dark, anaerobic conditions, under an N2 atmosphere (dissolved O2 < 0.005 mg L-1). 

Adsorption experiments for As(V) were conducted in a laminar flow clean bench (Class 

100) under laboratory air conditions.  All experiments were conducted at room 

temperature (23 ± 2°C).  The amount of As(V) adsorbed onto the sediments was 

determined by the difference between the initial and final aqueous concentrations.  This 

method could not be used for As(III) because of partial oxidation to As(V).  The 

supernantant was discarded and the sediment was reacted with 20 mL of 0.2 M oxalic 

acid for 30 minutes to directly measure the As(III) adsorbed (Stollenwerk et al., 2007). 

Adsorption was also measured as a function of pH using an initial As(V) 

concentration of 500 mg/L.  The pH ranges evaluated for the Carrizo sediments range 

from 6.16 to 8.70 and the range for the Aquia sediments are 7.57 to 9.65.  These pH 

ranges were selected based on the range of pH directly measured for Carrizo Sand and 

Aquia aquifer groundwaters (Tang et al., 2005a; Haque and Johannesson, 2006a; Tang 

and Johannesson, 2006; Basu et al., 2007).  The pH values were adjusted using 0.1 M 

NaOH or HCl. 
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4.3.3 Analytical Techniques 

All dissolved As(III) and As(V) concentrations in experimental solutions were 

analyzed using inductively coupled plasma mass spectrometry (ICP-MS).  The samples 

were quantified using a high resolution Finnigan MAT ELEMENT 2 (magnetic sector) 

ICP-MS at Tulane University.  The high resolution (HR) mode of the HR-ICP-MS 

allows As to be distinguished from possible Cl- interferences on 75As.  The ICP-MS was 

calibrated using aqueous standard solutions, of the same acid concentrations as in the 

samples, prepared from stock solutions by subsequent dilution in the range of 1 – 5000 

ppb for As.  The stock solutions were prepared from Perkin Elmer Pure Plus As 

standards.  All standards and sample solutions were spiked with indium as an internal 

standard to correct for instrument drift.  In addition, check standards were run routinely 

during the analysis to ensure the overall quality as well as to monitor instrument drift. 

4.4 Results 

4.4.1 Adsorption kinetics 

 The results of the kinetic experiments are presented in Figure 4.2.  For the Aquia 

aquifer, As(V) was rapidly adsorbed in the first 24 hours and equilibrium was achieved 

after approximately 48 hours.  The percentage of As(V) adsorbed for the Aquia aquifer 

ranged from 32 to 39%. Comparatively, the adsorption of As(V) to the Carrizo Sand 

aquifer sediments was slower with the majority of As(V) sorption occuring after 

approximately 100 hours.  The percentage of As(V) adsorption was higher for the 

Carrizo Sand aquifer, ranging from 27 to 51%.  From these results, 100 hours was 

considered the equilibrium reaction time for As(V) as well as for As(III) adsorption 
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onto the aquifer sediments from both the Aquia and Carrizo Sand aquifers and was used 

in all subsequent As(V) and As(III) adsorption experiments.   
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Figure 4.2 Reaction kinetics of As(V) by aquifer sediments for the Aquia and Carrizo Sand aquifers. 

 
4.4.2 As adsorption as a function of pH  

 The samples from the Aquia aquifer showed that as the pH increased from 7.5 to 

9.27, As(V) adsorption decreased by 5% followed by an increase of 18% at pH 9.65 

(Figure 3).  For the Carrizo sand aquifer, the experiment showed that as the pH 

increased from 6.16 to 8.70, As(V) adsorption varied slightly between 60 to 61%.  In 

both of the studied pH ranges, our results reveal that pH will likely have a minimal 

effect on the transport of As(V) to aquifer sediments.   
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Figure 4.3 Effect of pH on adsorption of As(V) by sediments for the Aquia and Carrizo Sand aquifers. 

 
4.4.3 Arsenic adsorption 

Figure 4.4 shows the percentages of As(V) and As(III) adsorbed by aquifer 

sediments from the Carrizo Sand and Aquia aquifers.  For the Aquia, As(V) adsorption 

ranged from 1 to 50% (see Figure 4.4a), and As(III) adsorption ranged from 25 to 72% 

(see Figure 4.4b).  The Carrizo Sand displayed As(V) adsorption in the range of 20 to 

90% (see Figure 4.4a) and As(III) adsorption ranging from 13 to 37% (see Figure 4.4b).  

Adsorption isotherms for As(V) and As(III) are presented for the Carrizo Sand and 

Aquia aquifers in Figure 5.  The adsorption isotherms describe the retention of As 

species onto the aquifer sediments at various concentrations.  These isotherms help 

predict the mobility of the As species in the groundwater flow systems (Limousin et al., 

2007).  As(V) adsorption onto Carrizo Sand exhibits a Langmuir-like isotherm with 

rapid increase in the amount of As(V) sorbed at low initial As(V) concentrations.  The 

amount of As(V) then decreases eventually approaching an almost constant amount 
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adsorbed at high concentrations.  Adsorption of As(III) onto Carrizo Sand may also 

exhibit a Langmuir-like isotherm, although it is also almost linear.  As(V) sorption onto 

the Aquia aquifer sediments shows an S-shaped isotherm, whereas As(III) sorption to 

Aquia aquifer follows an almost linear distribution.   
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Figure 4.4 Percentages of (a) As(V) and (b) As(III) adsorbed by sediments of the Aquia and Carrizo Sand 

aquifers. 
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Figure 4.5 Adsorption isotherms for (a) As(V) and (b) As(III). 
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4.4.4 Arsenic adsorption isotherms 

 The Freundlich isotherm study was conducted in order to investigate the 

maximum adsorption capacity of the Carrizo Sand and Aquia aquifer sediments for 

arsenic.  The relation between the amount of adsorbate (i.e. As) adsorbed by the 

adsorbent (aquifer sediments) and the equilibrium concentration of the adsorbate can be 

expressed by the linearized Freundlich adsorption isotherm as 

 ln qe = ln kf + 1/n ln Ce                                                                                                                       (4.1) 

where qe is the amount of adsorbate adsorbed per unit mass of the adsorbent, Ce is the 

equilibrium concentration of arsenic in solution, and n and kf are constants depending 

upon the nature of the adsorbate and adsorbent, where n represents the adsorption 

intensity and kf represents the adsorption capacity (Maji et al. 2008).  Adsorption 

isotherms were constructed by plotting ln qe versus ln Ce (See Figures 4.6 and 4.7).  

Regression analysis was subsequently performed on the linearized data using Sigma 

Plot (Version 8.0) to fit the data and determine the best-fit of equation 4.1 to each 

dataset (Figures 4.6, 4.7; Table 4.1). 
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Figure 4.6 Carrizo Sand aquifer Freundlich isotherm model for As(V) adsorption (a) and As(III) 
adsorption (b). 
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Figure 4.7 Aquia aquifer Freundlich isotherm model for As(V) adsorption (a) and As(III) adsorption (b). 
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Table 4.1 Freundlich isotherm linear equation components and constants. 

  r slope y-intercept 
adsorption 

intensity (n) 
adsorption  

capacity (kf) 

Carrizo Sand 
As(V) 0.9776 2.4434 1.5866 0.4093 4.89 
As(III) 0.9942 1.5085 5.1195 0.6629 167.25 

Aquia 
As(V) 0.9030 0.4572 5.1746 2.1872 176.73 
As(III) 0.9722 1.6906 3.8746 0.5915 48.16 

                 

 
4.5 Discussion 

Reaction mechanisms and the processes occurring on the adsorbing surface can 

be investigated by knowing the sorption reaction rates (Skopp, 1986).  The results of an 

As(V) adsorption-desorption kinetics study by Smith and Naidu (2009) suggests that 

As(V) adsorption kinetics are important in controlling the transport and bioavailability 

of As(V) in the soil environment.  Owing to the presence of abundant Fe(III) 

oxide/oxyhydroxide coatings on mineral grains within both the Carrizo Sand and Aquia 

aquifers (Basu et al., 2007; Haque et al. 2008) and various clay mineral (kaolinite, illite, 

glauconite), As adsorption onto sediments of both aquifers is likely controlled by 

surface reactions with these minerals.   

Previous studies of As adsorption kinetics onto Fe(III) hydroxides have shown 

that As(V) sorbs at a much faster rate than As(III) (Raven et al, 1998; Waltham and 

Eick, 2002).  Banerjee et al. (2008) found that 80-95% of As(V) was adsorbed onto 

granular ferric hydroxide within the first 30 minutes and only 3-15% was adsorbed 

within the next 24 hours of a series of adsorption experiments.  The results from the 
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investigation of Banerjee et al. (2008) correspond to our As(V) adsorption studies for 

the Aquia aquifer, which exhibit rapid adsorption within the first 24 hours.  For the 

Carrizo Sand aquifer, maximum adsorption is achieved around 100 hours.  The 

apparently slower adsorption rate observed for the Carrizo Sand is possibly due to the 

decrease in the driving concentration difference between the simulated groundwater and 

the aquifer sediments, leading to less transport of As(V) to the aquifer sediments 

(Banerjee et al., 2008). 

Sorption and desorption of As species onto minerals are largely affected by pH, 

and hence As mobilization in aquifers is partly controlled by pH indiced 

adsorption/desorption (Ravenscraft et al., 2009).  Decreasing pH generally leads to 

increased As retention onto mineral surface sites because of the shift in mineral surface 

charges from negative to more positive (Cheng et al., 2009).  As a consequence, As 

species are generally less mobile in groundwater flow systems when pH < ~8.  At very 

low pH range (less than 1) such as may occur in some acid mine drainage (e.g., 

Nordstrom et al., 2000), As(III) and As(V) species exist in neutral forms and As is no 

longer sorbed, becoming mobile again (Cheng et al., 2009).  Increasing pH however 

commonly has the opposite affect leading to desorption of As species from mineral 

surface sites and hence greater As mobilization.  Pierce and Moore (1980) observed that 

As(V) adsorption decreased continuously with increasing pH from 4 to 10, whereas 

Raven et al (1998) report an overall decrease in As(V) adsorption with increasing pH up 

to 9.  More recently Stollenwerk et al. (2007) observed that as pH increased from 6.2 to 
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7.5, As(V) adsorption decreased by 30% for an initial As(V) concentration of 500 g L-

1 and by 20% for an initial concentration of 200 g L-1.    

In our pH studies, little to no variance was noticed in the amount of As(V) 

adsorbed onto either of the aquifer sediments.  In the case of the Aquia aquifer, the lack 

of a strong pH dependence on As(V) adsorption likely reflects the elevated pH of 

Aaquia aquifer groundwaters from the study site (pH > 8; Haque et al., 2008; Willis and 

Johannesson, in review; Willis et al., in review).  For the Carrizo Sand aquifer 

groundwaters, however, pH ranges from ~6 to 8.5, which fall within the range 

overwhich As(V) adsorption should be affected (Tang et al., 2005a; Haque and 

Johannesson, 2006a; Tang and Johannesson, 2006; Basu et al., 2007).  Consequently, 

pH was not considered to be an influential factor involved in As(V) adsorption within 

these aquifers.  Therefore, more studies should be done on each of these aquifers, 

specifically closer to the recharge zones where the pH values are believed to be lower 

due to infiltration of rain water and soil zone acidification.  These lower pH values 

might show an increase in the amount of As(V) adsorbed compared to the greater pH 

values shown in our study. 

Adsorption is generally regarded as being one of the major controlling factors 

affecting the distribution of As species in the environment (Sweener et al., 1994; 

Qvarfort 1992).  Ligand exchange reactions, such as Coulombic and Lewis acid-base 

interactions are known to affect the adsorption of As(V) species (i.e. H2AsO4
- and 

HAsO4
2-) onto hydrous ferric oxide (Banerjee et al., 2008).  In the environment, As(III) 
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is sorbed more readily than As(V) on hydrous ferric oxide and goethite (Dixit and 

Hering, 2003).    

As(III) species for both aquifers and As(V) for the Carrizo Sand aquifer  display 

an “L”-type isotherm pattern (Figure 4.5; Limousin et al., 2007).  Each of these 

isotherms suggest a progressive saturation of the aquifer sediment surfaces with respect 

to the As species.  On the contrary, the adsorption isotherm pattern for As(V) sorption 

onto the Aquia aquifer displays an “S”-type isotherm pattern (Figure 4.5a; Limousin et 

al., 2007).  This “S”-type isotherm is sigmoidal and has a point of inflection around 

1500 g L-1 of As(V).  The results of the linearized Freundlich isotherms for each As 

species and aquifer also reiterate these findings.  The correlation coefficients (r) for both 

As(V) and As(III) adsorption onto the Carrizo Sand aquifer and the adsorption of the 

As(III) species onto the Aquia aquifer all exceed 0.97 or greater indicating that the 

Freundlich isotherm can be used to describe these data.  Although the fit of the As(V) 

adsorption data onto Aquia aquifer sediments to the linearized Freundlich isotherm is 

not as good, the relatively high concentration coefficient (r = 0.90) indicates that these 

data can also be decribed to a first approximation by the Freundlich isotherm.  This 

difference in correlation coefficients might help explain why an “S”-type isotherm 

pattern is observed in As(V) adsorption for the Aquia aquifer (Figure 4.5a). 

For the Carrizo Sand aquifer, the Freundlich isotherms (Figure 4.6) show that 

As(III) is strongly adsorbed (n = 0.6629, kf = 167.25) to the aquifer sediments which 

suggests As(V) to be the predominate form of As on the groundwaters.  In a previous 

study on the Carrizo Sand groundwaters by Haque and Johannesson (2006a), the 
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authors found As(V) to be the dominate form of dissolved As in the first ~ 15 km along 

the studied flow path.  This high As(V) concentration in the Carrizo Sand groundwaters 

was attributed to reductive dissolution of Fe(III) oxyhydroxides/oxides.  On the other 

hand, the Aquia aquifer Freundlich isotherms (Figure 4.7) illustrate As(V) to be 

strongly adsorbed (n = 2.1872, kf = 176.73) which suggests a predominance of As(III) in 

the groundwaters.  Haque et al. (2008) likewise concluded that As(III) is the most 

prevalent form of As along the entire studied flow path in the Aquia aquifer 

groundwaters.  In addition, the authors suggested the high As(III) concentrations in 

Aquia groundwaters was due to reductive dissolution of Fe(III) oxyhydroxides/oxides 

as well as by Fe reducing bacteria. 

4.6 Conclusion 

 The As adsorption data in this study demonstrate that for both the Carrizo Sand 

and the Aquia aquifers, the amount of As(V) adsorbed onto the aquifer sediments is not 

influenced by changes in pH.  The results of the Freundlich isotherms are supported by 

previous studies showing that As(III) is strongly adsorbed to the Carrizo Sand 

sediments, wheras As(V) is more preferentially adsorbed onto the Aquia sediments.  

One possible explanation of the differences in isotherm patterns is provided by the 

Freundlich isotherm data.  Future studies should be performed to investigate the specific 

reactions occurring at the aquifer mineral surface sites that influence the adsorptive 

capacity of the aquifer sediments.  Additionally, an indepth study regarding pH 

dependent As adorption onto aquifer sediments should also be conducted.   
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CHAPTER 5 

CONCLUSIONS 
 

This chapter summarizes the main conclusions presented in each of the previous 

chapters.  The purpose of my dissertation was to investigate the behavior of certain 

trace elements (specifically REEs, As, and Sb) and how redox, chemical weathering, 

and adsorption/desorption reactions affected the distribution and bioavalability of these 

trace elements along groundwater flow paths in the Carrizo Sand, the Upper Floridan, 

and the Aquia aquifers.  Groundwater and sediment samples were collected in the field 

and lab studies were conducted to elucidate the geochemical properties of these 

groundwater flow systems and their sediments.  

The results of the first study demonstrated that the Aquia aquifer groundwaters 

evolve along the sampled flow paths due to chemical weathering and changes in redox 

conditions.  Groundwater REE concentrations and sequential extraction results for the 

Aquia aquifer sediments both indicated the REEs are associated with carbonate 

minerals (shell fragments).  The relatively flat and consistent REE patterns in both the 

groundwaters and sediments of the Aquia aquifer indicated that dissolution of carbonate 

minerals (shell fragments) must be occurring in or near the recharge zone prior to 

attainment of equilibrium with respect to these carbonate phases.   

The results of the As and Sb comparative study established that these two 

metalloids exhibit systematic changes along all three studied flow paths in the Carrizo 
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Sand, Upper Floridan, and Aquia aquifers.  Due to the sulfidic nature of the Carrizo 

Sand and the Upper Floridan groundwaters, the geochemical model along with our data 

both predicted the formation of thioantimonite species (i.e., HSb2S4
-).  The measured 

arsenic concentrations for the Carrizo Sand aquifer indicated a possible formation of 

thioarsenic species; however this prediction was not supported by our model 

calculations.   

The groundwaters of the Upper Floridan aquifer were shown by both our data 

and model calculations to be at equilibrium with respect to arsenic sulfide minerals.  For 

the non-sulfidic Aquia aquifer, the geochemical model predicted As(V) to be the 

predominate form, whereas our speciation data indicated the majority of As should 

occur as As(III).  On the other hand, our speciation data and the model both concurred 

that Sb(III) should be the predominate form of Sb in these groundwaters.  The 

groundwaters of all three aquifers displayed a statistical relationship between As and 

Sb, with the best correlation between As and Sb occuring in the Aquia aquifer.   

The results of the As adsorption study revealed that the amount of As(V) 

adsorbed onto the both the Carrizo Sand and Aquia aquifer sediments was not 

influenced by changes in pH.  The results of the Freundlich isotherms are supported by 

previous studies showing that As(III) was strongly adsorbed to the Carrizo Sand 

sediments while As(V) is more preferentially adsorbed onto the Aquia sediments.  One 

possible explanation of the differences in isotherm patterns was provided by the 

Freundlich isotherm data.   
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The findings from each of the previous chapters explain how trace elements 

behaved and evolved in the three aquifers of study. 
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APPENDIX A 

ADDITIONAL INFORMATION FOR THE CARRIZO SAND AQUIFER 
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Data for the Carizzo Sand aquifer from Tang and Johannesson (2005a).  Arsenic, iron, and sulfide data are from Haque and  
Johannesson (2006a).  Note, km indicates distance in kilometers along the flow path. 

 

 

a Data from Haque and Johannesson (2006a) 

¶Alk = alkalinity reported as HCO3
- 

*BDL for S(-II) = 0.16 μmol kg-1 
ND = not determined, or cannot be determined 
†BDL for FeT = 0.16 μmol kg-1 
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APPENDIX B 
 

ADDITIONAL INFORMATION FOR THE UPPER FLORIDAN AQUIFER
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Data for the Upper Floridan aquifer from Tang and Johannesson (2005a). Arsenic, iron, and sulfide data are from Haque and Johannesson (2006b). 
Note, km indicates distance in kilometers along the flow path. 

 

 

¶Alk = alkalinity reported as HCO3
- 

*BDL for S(-II) = 0.16 μmol kg-1 
ND = not determined, or cannot be determined 
†BDL for FeT = 0.16 μmol kg-1 
‡BDL for Fe(II) = 0.36 μmol kg-1
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APPENDIX C 
 

ADDITIONAL INFORMATION FOR THE AQUIA AQUIFER



 

 

125 

Data for the Aquia aquifer. Arsenic, iron, and sulfide data are from Haque et al. (2008). Note, km indicates distance in kilometers along the flow path. 
 

 

¶Alk = alkalinity reported as HCO3
- 

*BDL for S(-II) = 0.16 μmol kg-1 
ND = not determined, or cannot be determined 
†BDL for FeT = 0.16 μmol kg-1 
‡BDL for Fe(II) = 0.36 μmol kg-1 
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